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ABSTRACT
Mechanistic insights on the merits and limitations of
advanced treatment processes for removal of
contaminants of emerging concern
by

Hassan Javed
Perfluoroalkyl substances (PFASs) are recalcitrant contaminants of emerging
concern that have widespread distribution in water sources, and exhibit potential to persist
and bioaccumulate. Non-destructive and destructive remediation strategies have been
actively investigated to remove PFAS. Adsorption on activated carbon is the most widely
used non-destructive treatment method to remove PFAS. However, limited innovation has
occurred in the field of activated carbon materials and there is a need to develop ultra-high
surface area activated materials that exhibit high adsorption capacity and selectivity for
target contaminants. Furthermore, non-destructive methods only transfer the contamination
from one phase to another and therefore must be used in conjunction with destructive
treatment methods to effectively remove and mineralize the target contaminant. In recent
years, there has been growing interest to use Advanced Oxidation Processes (AOPs) to
degrade PFAS. However, progress in the field has been hampered by the ambiguity that
exists regarding the role of two key reactive oxygen species (ROS) i.e. hydroxyl radical
(•OH) and superoxide radical anion (O2•-) in degrading PFAS with some studies
demonstrating their effectiveness while others claiming the contrary. This dissertation aims
to provide mechanistic insights into the treatment of PFAS and other contaminants of

emerging concern by: i) Developing fundamental understanding of how the structure of a
novel ultra-high surface area activated carbon relates to its function as an adsorbent. ii)
Resolving the ambiguity regarding the role of •OH and O2•- in degrading PFAS.
First, an ultra-high surface area porous activated carbon derived from low cost
asphalt (AS) was synthesized and its structure-functionality relationship was investigated
for removal of bisphenol A (BPA), a common endocrine disrupting chemical, and
perfluorooctanoic acid (PFOA, a widely known model PFAS). Initial characterization of
AS was conducted using BPA and benchmarked against commercially purchased Darco
G-60 activated carbon (AC). The surface area of AS was 3851 m2/g, which is 4.7-fold
larger than that of AC (i.e., 813 m2/g). This correlated well with the 4-fold higher maximum
BPA adsorption capacity on AS (1113 ± 52 mg/g), and was consistent with the similar
surface functionality of AS and AC (determined by Fourier-transform infrared
spectroscopy and X-ray photoelectron spectroscopy). The maximum BPA adsorption
capacity of AS is highest among reported carbon materials. Furthermore, BPA adsorption
kinetics by both materials was limited by slow intraparticle diffusion into the small
mesopores and micropores. No apparent selectivity for BPA adsorption was observed for
AS compared to AC in the presence of humic acid (HA) despite having smaller pore size,
possibly due to HA adsorption blocking off the micropore accessibility to BPA molecules.
Lastly, AS was found to exhibit lower PFOA adsorption capacity than expected (only 1.8
fold higher than observed for AC) due to incapability of the micropores to trap the large
PFOA hemi-micelles and micelles.
Second, the controversy in the literature about the efficacy of hydroxyl radicals
(•OH) for degrading PFOA was resolved by comparing PFOA degradation by UV

photolysis (254 nm, 6×10-6 Einsteins/L.s) versus UV+H2O2 , which produces •OH. •OH
production was optimized in a UV + H2O2 system using nitrobenzene (NB) as a •OH probe,
but even under optimized conditions (i.e., 5 g/L H2O2), no significant difference occurred
in PFOA removal by UV photolysis (21.1 ± 0.4%) versus UV + H2O2 (19.7 ± 0.7%) after
1-day treatment. Both treatments also resulted in similar daughter by-product
concentrations and defluorination efficiencies (9.5 ± 1.7% for UV photolysis and 6.8 ±
1.0% for UV + H2O2), which indicates that •OH is ineffective towards PFOA degradation.
Lastly, the ambiguity in the literature regarding the role of superoxide in PFOA
degradation (e.g., by nucleophilic attack) was addressed by considering three pure
superoxide-producing systems: KO2 in dimethyl sulfoxide (DMSO), xanthine oxidase with
hypoxanthine, and WOx/ZrO2 catalyst with H2O2. Superoxide production was confirmed
in all systems by electron paramagnetic resonance (EPR) spectroscopy and by precipitation
of nitroblue tetrazolium (NBT), a common superoxide probe. Positive control experiments
showed that the produced superoxide degraded ~48% bisphenol A (BPA) within one day,
corroborating that superoxide was sufficiently stable and available for reaction in all test
systems. However, no PFOA degradation was observed, which was confirmed by the
absence of fluoride and degradation by-products in all three systems.
Overall, this work advances fundamental understanding of advanced treatment
processes for contaminants of emerging concern. It demonstrates that ultra-high surface
area activated carbons do not provide “one size fits all” solution to removal of organic
contaminants. Rather their removal efficiencies are dependent on the nature of the
adsorbate. Ultra-high surface area is imparted to activated carbon materials via
proliferation of vast micropore network. Therefore, ultra-high surface area activated

carbons will demonstrate superior adsorption capacities for small molecules (like BPA) but
will only offer nominal improvements in adsorption capacities for large molecules (like
micelle forming PFOA). Furthermore, this work clarifies that •OH and O2•- are ineffective
in degrading PFOA and that other reaction pathways should be explored for PFAS
degradation.
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Chapter 1

Introduction and Objectives

1.1. Problem Statement
Perfluoroalkyl substances (PFASs) are a class of over 3000 industrial chemicals
that are contaminants of emerging concern due to their potential for bioaccumulation and
persistence.1 They have been used in a variety of commercial products including leather,
paper packaging, aqueous film forming foams (AFFFs) and as an additive to aviation
fluid.2–4 Consequently, PFASs have been detected in a wide range of environmental
sources including contaminated soil, groundwater, and drinking water, with high
concentrations detected in fire-fighting facilities near military bases.5 There have also been
reports of widespread human exposure to PFASs. PFASs can cause immunotoxicity,
neurotoxicity and carcinogenicity, and have also been reported to induce adverse
reproductive and developmental effects.6–9 The US Environmental Protection Agency
(EPA) has established strict health advisory levels of 70 parts per trillion (ppt) for two of
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these compounds, perfluorooctanoic acid (PFOA) and perfluorooctanesulfonic acid
(PFOS), emphasizing their perceived toxicity and bioaccumulation potential.10 Hence, it is
imperative to devise successful remediation strategies to treat PFASs in order to ensure
public health.
Treatment methods commonly used and investigated for removal of PFASs
comprise of non-destructive and destructive methods. Non-destructive methods include
adsorption on sorbents such as activated carbon and ion exchange resins, and membrane
processes such as reverse osmosis and nanofiltration.11–13 Among these, adsorption on
activated carbon is a particularly appealing remediation strategy as activated carbon is
inexpensive, and ubiquitously used in point-of-use filtration devices to remove taste and
odor compounds, synthetic organic contaminants and some heavy metals. It is also the most
widely commercially applied process for PFAS removal.12–14 However, there is a pressing
need for innovation in the field of activated carbon materials to develop next-generation of
ultra-high surface area activated carbon sorbents with enhanced adsorption capacity and
selectivity in the presence of competing innocuous natural organic matter (NOM), to
enhance treatment efficiency and reduce the costs associated with disposal of used sorbent.
Removal of PFASs by non-destructive methods, such as adsorption on activated
carbon, only solves part of the problem by transferring the contaminant from one phase to
another, or by generating a highly concentrated brine, which has to be subsequently
disposed by costly waste/brine incineration. Hence, it is critical that any advancements in
non-destructive treatment technologies should be made in tandem with advancements in
destructive PFAS treatment technologies. A range of destructive treatment processes have
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been used to degrade PFASs, primarily PFOA (the most well-known and well-studied
PFAS), with varying degrees of success. These include: advanced oxidation processes
(AOPs) such as UV-Fenton,15 UV-Fe(III),16 catalyzed H2O2 propagation (CHP)
reactions,17 heterogeneous photocatalysis and electrochemical oxidation;18–22 advanced
reduction processes (ARPs) such as reduction with solvated electrons and nano-scale
zerovalent iron (nZVI); and other processes such as sonochemical,23–25 plasma treatment,26
UV, peroxone and heat-activated S2O82-, 27–30 UV-SO32−,31 and hydrothermal treatment.32
AOPs, which generally demonstrate high removal efficiencies for organic
contaminants, are reported to have limited success in degrading PFASs. It is believed that
PFASs due to high-strength C-F bonds (116 kcal/mol) are recalcitrant to oxidation by
ROS.33,34 However, there exists an ambiguity in the literature regarding the efficacy of
various ROS in degrading PFAS. For example, some studies indicate that •OH may have
an ancillary role in PFOA degradation while others report that it is ineffective towards
PFOA. 15,16,42,34–41 Furthermore, Watts et. al. report that PFOA can be completely degraded
by stabilized O2•- via nucleophilic attack in CHP reactions.17 Various other studies have
also implied that O2•- plays a role in PFOA degradation.43–45 In contrast, few other studies
argue that O2•- is ineffective in attacking PFOA.26,46 Therefore, a critical knowledge gap
exists in the literature regarding the role of •OH and O2•- in degrading PFASs, which should
be determined to inform the rational development of appropriate PFASs remediation
strategies utilizing AOPs.
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1.2. Objectives, hypothesis and significance
This dissertation encompasses a concerted effort to advance basic understanding of
non-destructive and destructive treatment processes for removal of PFASs. Specifically,
the scope of this study is to gain mechanistic insights into: 1) How the structure of ultrahigh surface area activated carbon sorbents relates to their functionality for removal of
contaminants of emerging concerns such as endocrine disrupting chemicals (EDCs) and
PFASs; and 2) Whether ROS such as •OH and O2•- are effective in degrading and
defluorinating PFASs. The specific goals of this work are as follows:
1.2.1. Structure-functionality relationship of ultra-high surface area activated
carbons for removal of contaminants of emerging concern
1.2.1.1. Objective
The aim of this project is to develop an ultra-high surface area activated carbon
using cheap and easily available raw materials, and to understand how its structural and
chemical characteristics, such as surface area, pore structure and surface chemistry, affect
its functionality as an adsorbent for contaminants of emerging concern in an aqueous
environment. The ultra-high surface area activated carbon was benchmarked against
commercially available activated carbon to understand how differences in structural
characteristics of the two materials affect adsorption characteristics. BPA was used as a
convenient and relevant model small molecule for initial assessment of adsorption
performance (e.g., isotherms, kinetics and thermodynamics of adsorption) because it is a
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well-known EDC that is easily analyzed using low-cost HPLC-PDA. BPA adsorption tests
in the presence of NOM were also conducted to investigate whether the structural or
chemical differences between the two activated carbons can impart adsorption selectivity
for BPA against NOM. Subsequently, we assessed the effectiveness of the two adsorbents
for PFOA removal, which is more labor intensive and expensive to determine. These
experiments also highlight the effects of adsorbates’ molecular size and chemical
characteristics on their adsorption behavior. Specific questions that we sought to address
include:
•

Can the surface area of activated carbon linearly correlate with adsorption
capacity for target contaminants given similar surface functionality?

•

Can the pore structure of activated carbon be engineered to impart
selectivity to target contaminants in presence of NOM?

•

How do the chemical characteristics of adsorbate affect the efficacy of
adsorption on ultra-high surface area activated carbons?

1.2.1.2. Hypotheses
•

The surface area of activated carbon linearly correlates with adsorption
capacities for target contaminants

•

Activated carbons with high proportion of small micropores exhibit
selectivity for contaminants with smaller molecular size against larger
molecularly sized substances such as NOM.
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1.2.1.3. Significance
This work provides fundamental insight on how structural and chemical properties
of activated carbons affect their adsorption characteristics for target contaminants in
aqueous environment, specifically how surface area of activated carbons correlates with
adsorption capacity under favorable surface functionality and pore-structure. The work
also advances understanding of how the surface area-adsorption capacity correlation is
affected by the chemical characteristics of adsorbates, and whether the pore-structure of
activated carbon can be engineered to impart selectivity to target contaminants in the
presence of competing innocuous species such as NOM.
1.2.2. Discerning the inefficacy of hydroxyl radicals during PFOA degradation
1.2.2.1. Objectives
This study aims to clarify the ambiguity in the literature regarding the role of •OH
in degrading PFASs. PFOA was used as a model compound as it is widely used as a
representative PFAS in literature, and its degradation by-products are well-known and
characterized. UV+H2O2 was used to generate •OH in a simple, homogeneous AOP
system.47,48 Mechanistic insights into the role of •OH in PFOA degradation was gained by
comparing UV photolytic treatment versus UV+H2O2, using nitrobenzene (NB) as •OH
probe to optimize H2O2 concentrations. Electrical energy per order (EE/O) for the reactions
was determined to facilitate energy requirement comparisons with other studies. Specific
questions that we sought to address include:
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•

Is •OH effective in degrading and defluorinating PFOA? If yes,

•

Can treatment processes that generate •OH, be used for remediation of other
PFASs?

1.2.2.2. Hypothesis
•

•OH is ineffective in degrading PFOA even when a high concentration of
•OH is produced under optimized conditions.

1.2.2.3. Significance
This research provides important and timely information to resolve the controversy
regarding the role of •OH in degrading PFOA, which is of significant interest to PFAS
remediation community. If •OH is found to be effective in degrading PFOA, then further
work can be conducted to optimize conditions under which maximum treatment efficacy
is achieved. Furthermore, expertise and extensive knowledge of AOPs can be leveraged to
devise successful remediation strategies for PFASs. However, if the •OH is found to be
ineffective in degrading PFOA, scientific community will be better advised to direct their
future efforts on PFOA degradation by exploring other mechanisms independent of •OH
production. Furthermore, past studies reporting enhanced PFOA degradation by •OH
would have to be re-examined to determine whether •OH may be participating indirectly
in other pertinent processes.
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1.2.3. Discerning the relevance of superoxide radicals during PFOA degradation
1.2.3.1. Objectives
The aim of this project is to evaluate the reactivity of O2•- towards PFOA and gain
insights into its reaction mechanism. A number of processes were identified that reliably
produce stabilized O2•- as the main ROS, which was confirmed using electron
paramagnetic resonance (EPR) and O2•- specific probes such as nitrobenzene (NBT). The
efficacy of PFOA degradation by O2•- was evaluated in these processes under optimized
conditions. Insights into PFOA degradation mechanism was gained by analyzing PFOA
degradation by-products. Furthermore, the reactivity of O2•- towards other contaminants of
concern such as BPA was also assessed. Specific scientific questions that we sought to
address include:
•

Can stabilized O2•- degrade and defluorinate PFOA by direct nucleophilic
attack?

1.2.3.2. Hypothesis
•

O2•- can successfully degrade PFOA via nucleophilic attack when it is
stabilized on a solid surface or in an aprotic media.

1.2.3.3. Significance
This work advances understanding of the reactivity of O2•- towards PFOA, which
has important implications for devising future PFAS remediation strategies. Verification
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of the ability of O2•- to degrade and defluorinate PFOA will open-up previously overlooked
materials and processes to degrade PFAS. For example, many semiconductor
photocatalysts such as TiO2 produce O2•-. These photocatalysts can be engineered to better
stabilize O2•- and selectively adsorb PFAS to improve degradation efficiency. Furthermore,
many bacteria are known to produce high extracellular concentrations of O2•- and can be
used as basis to devise in-situ bioremediation strategies for PFAS. If O2•- is also found to
be effective in degrading other contaminants of concern such as EDCs, then any
remediation strategies devised for PFAS will also benefit other classes of contaminants that
demonstrate susceptibility to O2•-.
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1.3. Dissertation Organization
This dissertation is organized into six chapters in total. Chapter 1 provides the
background and motivation for this work, and delineates its research objectives,
hypotheses, and environmental significance. Chapter 2 provides an overview of PFAS,
and reviews recent studies and present understanding of various processes currently used
to treat PFAS, with particular focus on activated carbon materials, and processes that
generate ROS. Opportunities for improvement and critical knowledge gaps are identified,
and potential strategies to advance the field are described in this chapter. Chapter 3
introduces a novel ultra-high surface area activated carbon derived from asphalt and
demonstrates its feasibility for water treatment. The study evaluates the relationship of
surface area, pore size and surface functionality of the material to its adsorption
characteristics for target contaminants. This chapter is edited from work published in
Carbon. Chapter 4 seeks to resolve the controversy regarding the role of •OH in degrading
PFOA and is adapted from work published in Chemosphere. Chapter 5 describes a study
into gaining a mechanistic understanding of the reactivity of O2•- towards PFOA with the
overarching goal of devising novel PFAS remediation strategies. It also explores the
reactivity O2•- towards other contaminants of interest such as BPA and is adapted from
work published in Environmental Science & Technology Letters. Chapter 6 summarizes
the key findings of this work, their implications and environmental significance, and
outlines several suggestions and directions for future research.
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Chapter 2

Literature Review

2.1. General Introduction to PFAS
PFASs are a class of over 3000 industrial chemicals that are becoming
contaminants of emerging concern due to their potential for persistence and
bioaccumulation, and because of their ubiquitous occurrence in environment, biota and
humans. PFASs are man-made chemicals and have been conventionally produced by
electrochemical fluorination and telomerization.49 In electrochemical fluorination process
(patented by 3M), an electric current is passed through a solution of alkyl organic
molecules and hydrogen fluoride causing the hydrogen atoms in alkyl chain to be
substituted with fluorine atoms.50 Lack of isomeric purity is characteristic of
electrochemical fluorination as during the process rearrangements of carbon backbone
occur producing a mixture of linear, branched and cyclic perfluorinated compounds.51
Perfluorinated compounds can be produced in a higher degree of isomerity using
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telomerization of small monomer units like tetrafluoroethylene (patented by DuPont).
Telomerization process produces only straight chain PFAS in contrast to electrochemical
fluoriantion.52
Perfluoroalkyl acids (PFAAs) are a subset of PFAS that are most commonly found
in the biota and have raised significant concern over their adverse health effects.53 PFAAs
comprise of a C-F backbone (typically 4-14 carbon long) with a charged functional group
such as carboxylate, sulfonate, or phosphonate.51 The high electronegativity of fluorine
imparts PFAAs with unique properties that make them ideal candidates as industrial
surfactants. Firstly, due to the high strength of C-F bonds (116 kcal/mol), PFAAs are
thermally stable and exhibit chemical resistance to strong acids, alkalis, or oxidizing
agents.13,34 Secondly, the highly polarized C-F bond bestows PFAAs with unique
hydrophobic and oleophobic properties.51 These properties have enabled the use of PFAAs
as surfactants across a wide variety of legacy applications including production of Teflon
and AFFFs, and as high temperature lubricants, carpet cleaners and as protective coatings
for metals, textiles and leather.2–4,17,49 Eight carbon PFAAs are considered the most
effective surfactants, and two most popular and widely used PFAAs are PFOA and PFOS
(Figure 2-1, Table 2-1), both of which comprise of an eight carbon chain with a carboxylate
and sulfonate functional moiety, respectively. Consequently, most of the published
literature on PFAS notably focuses on PFOA and PFOS.
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Figure 2-1: Chemical structures of PFOA and PFOS.

Table 2-1: Physicochemical properties of PFOA and PFOS

Chemical

Molecular
Weight
g/mol

Melting
Point
˚C

Water
Solubility
mg/L

pKa

*CMC
mg/L

LogKow

PFOS
PFOA

500
414

>400 14
45-50 14

570 11,54
3400 11,54

-3.27 11
-0.20 11

15696 54
4573 54

4.59 11
5.26 11

*Critical Micelle Concentration

The high strength of C-F bonds makes PFASs like PFOA and PFAS resistant to
natural degradation processes such as biodegradation, hydrolysis and photolysis.55 On the
contrary, natural attenuation processes may produce recalcitrant PFASs from precursor
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chemicals, an example being conversion of 8:2 fluorotelomer alcohols to PFOA.56–58 The
highly persistent nature of PFASs enables their transport over long distances and increases
the likelihood of potential exposure.55 One prominent source of exposure is groundwater
contamination due to the use of AFFFs over the last fifty years, especially near military
bases and airports. Widespread human exposure to PFASs has been reported, with a 2011
study of over 7500 Americans detecting one or more of a number of common PFASs in
blood serum of 95% participants in low ppt concentrations.59 Furthermore, occupational
exposure to PFOS and PFOA has been shown to produce serum concentrations two to three
magnitudes higher than observed for general population.50,60,61 However, a general decline
in the concentration of PFAS in the blood serum of the general population has been
observed since 1999-2000.62 This is primarily attributed to: a) Phase-out of PFOS
production by 3M company which was the world’s largest PFOS manufacturer; b) The
2006 PFOA Stewardship Program by US EPA which has phased out most of PFOA
production and emission.51,63
PFAS exhibit long residence times in humans with PFOA and PFOS reported to
have half-lives of 3.8 years and 5.4 years, respectively in the human body.64 The
toxicological effects of PFAS in humans are not widely understood and are extrapolated
from animal studies, and mortality studies carried on fluorochemical production workers.
The mortality studies are limited by the availability of a small data set, while the animal
studies are limited by the use of much higher PFAS concentrations than have been detected
in the general human population.50,65 Nevertheless, PFAS have been reported to exhibit
developmental, reproductive and systemic effects in laboratory animals.66 For example,
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PFOA has been shown to induce tumors of testicles, liver and pancreas in rodents , reduce
birth weight in mice and cause neonatal death in rats.65,67 PFOS has also been reported to
induce adverse developmental effects in animals and is known to be actively transferred
from female adult fish to eggs. Furthermore, some mortality studies have indicated the
potential of PFAS to increase the risk of cancer in humans.49 US EPA has concluded that
there is suggestive evidence that PFOA and PFOS may cause cancer.66,68,69 The potential
toxicity and bioaccumulation potential of PFAS, is also reflected in US EPA’s decision to
impose low health advisory levels of 70 ng/L for PFOA and PFOS.10
PFAS due to their recalcitrant nature, widespread distribution in the environment,
and potential toxicity to animals and humans are considered contaminants of emerging
concern and pose a significant threat to public health. Therefore, it is imperative to develop
technologies that can effectively remove PFAS. PFAS treatment technologies can be
broadly grouped into two categories, non-destructive and destructive. These processes are
discussed in greater detail in the following sections with particular emphasis on processes
that are relevant to this dissertation.

2.2. PFAS treatment using non-destructive methods
The non-destructive processes can be categorized as filtration and sorption
processes. The filtration processes include reverse osmosis (RO), microfiltration (MF) and
ultrafiltration (UF), while sorption encompasses adsorption of PFAS on a wide variety of
materials including activated carbon, anion exchange resins (AEX resins), biomaterials,
minerals and molecularly imprinted polymers (MIP). These processes are discussed in

37

greater detail in the following sections, and their advantages and disadvantages are
elucidated. Suggestions for further advancement of the field are also proposed where
relevant.
2.2.1. Filtration
Several studies on using RO and NF for PFAS removal have been conducted. One
of the first studies on using RO was done by Tang et. al. where they tested the efficacy of
four commercial thin-film composite polyamide RO membranes for the removal of
PFOS.70 RO performance over a wide range of PFOS concentrations (0.5 - 1500 ppm) was
tested and it was observed that RO membranes rejected about 99% of PFOS. However,
significant loss of permeate flux was observed with increase in initial PFOS concentration.
The efficiency of RO was found to improve with tighter pore membranes which also gave
a more stable flux. Conventionally, PFOS has been dominantly used by the semiconductor
industry. Isopropyl alcohol (IPA) which is used as a cleaner during semiconductor
fabrication, therefore exists concomitantly with PFOS at many contamination sites. Tang
et. al. observed that IPA adversely affected the efficiency of RO by inducing up to 90%
reduction in permeate flux, thereby necessitating the need of a pre-treatment step to remove
IPA prior to RO filtration. Baudequin et al. also used RO to treat firefighting waters using
an electrocoagulation and filtration pre-treatment step to remove turbidity and reduce
membrane fouling. A high retention rate of over 99.94% was observed. However, decline
in permeate flux was observed with increase in initial fluorinated surfactant concentration,
corroborating the observation made by Tang et. al.70,71
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NF has been used by several researchers to remove PFAS with efficiencies ranging
from 90-99%.72–74 Hang et. al. reported that efficacy of NF was pH dependent with both
acidic and alkaline pH being detrimental.74 Interestingly, improvement in PFOA rejection
was observed at high PFOA concentrations due to surfactant micellization. The NF system
also suffered from flux decline due to concentration polarization and membrane fouling.
Membrane processes like RO have high energy demands and suffer from flux
reductions which necessitate pre-treatment steps. They also produce concentrated brine
which has to be subsequently treated and/or disposed. NF and MF processes are also
limited by their total processing capacity which impedes their application to large scale
treatment systems.14
2.2.2. Sorption
A wide variety of adsorbents have been used to remove PFAS including activated
carbon, AEX and non-ionic resins, minerals, biomaterials and molecularly imprinted
polymers. Du et. al. provide a comprehensive review on the existing literature in the field.12
It must be noted that most of the studies use either PFOA and PFOS as the model PFAS.
Table 2-2 summarizes adsorption capacities of a few adsorbents that have been used for
PFOS/PFOA removal.
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Table 2-2: Adsorption kinetics and adsorption capacity of PFOA and PFOS on
various adsorbents. (Adapted from Du et. al. )12

Adsorbent
Powdered
activated
carbon
Granulated
activated
carbon
AEX resins

teq

k2

qm

(h)

(g/mg/h)

(mg/g)

PFOS

3-5

0.01– 8.06

374–550

54,75–77

PFOA

4-5

0.03 – 0.36

175–524

54,75,77

PFOS

48 - 168

1.4 × 10−4

160–229

75,78,79

PFOA

~ 168

1.7 × 10−4

112–161

75,78

210–2575

75,80

Adsorbate

1.3 × 10−5

References

PFOS

48 - 168

PFOA

~ 168

2.4 × 10−5

1206

75

PFOS

5

0.16

∼300

54

PFOA

3

0.07

∼39

54

PFOS

3-5

1.15 – 3.69

8–126

54,78

PFOA

3

3.05 – 7.92

34–37

54

Montmorilloni
te

PFOS

24

5×10−3

83–99

81,82

Crosslinked
chitosan bead

PFOS

~ 100

–

2745

83

Chitosan–
based
molecularlyimprinted
polymer

PFOS

32

6 × 10−4

1452

84

Hexagonal
mesoporous
PFOS silica
(HMS)
Zeolites

−4

–3.2 × 10

40

Minerals like silica, alumina and zeolites generally have lower adsorption
capacities for PFAS compared to activated carbon and AEX resins (Table 2-2). However,
minerals can be engineered with favorable pore structures and functionalized with
favorable functional moieties to enhance adsorption capacity and induce selectivity.12
Several studies have investigated functionalizing SiO2 and Fe3O4 with a plethora of surface
chemical moieties including 3-aminopropyltriethoxysilane, 1,8-bis(dimethylamino)naphthalene, 1H,1H,7H-dodecafluoroheptyl methacrylate, cetyl trimethylammonium
bromide, polydopamine and octadecyltriethoxysilane to enhance their PFAS adsorption
capacities.85–91 Furthermore, PFOS has been reported to adsorb on minerals like kaolinite,
montmorillonite and hematite via outer-sphere complexation while PFOA has been
demonstrated to adsorb on magnetite and hematite via formation of inner-sphere
complexes.92–94 This indicates that minerals could be used for selective adsorption of
various PFAS. However, engineering minerals with favorable pore structures and chemical
functionalities increases the cost of the adsorbents, making them more feasible for small
scale niche applications like PFAS enrichment via solid-phase extraction rather than large
scale water treatment.12
Several biomaterials have also been explored as low cost adsorbents for PFAS
removal.12,83,95,96 Among these, crosslinked chitosan beads have shown considerable
promise by exhibiting very high PFOS adsorption capacity (Table 2-2).83 However,
adsorption capacity was determined to be highly pH dependent. The highest adsorption
capacity of 2520 mg/g was observed at pH 3 while increase in pH led to significant loss of
adsorption capacity with 7 times reduction in PFOS adsorption observed at pH 9.5.
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Furthermore, kinetics of PFOS adsorption on chitosan beads were quite slow with 100 h
required to reach adsorption equilibrium. Long adsorption times limit the applicability of
adsorbents for practical water treatment applications. Further improvements in the
biomaterials are needed to make them feasible for field scale studies.
Molecularly imprinted polymers (MIPs) have also been used as selective
adsorbents for PFAS removal.97–99 The MIPs provide high selectivity by providing
template shaped cavities that lock-in target contaminants using a mechanism analogous to
“lock and key” model of enzymes.100 However, MIPs generally exhibit lower adsorption
capacities than other sorption materials like activated carbon, AEX resins and biomaterials.
Furthermore, synthesis of MIPs is a complex process which makes them high cost materials
for large scale water treatment application and better suited to niche applications such as
in analytical procedures for enrichment of environmental samples.12,101 One way to make
MIPs more practical for water treatment applications is to couple them with high adsorption
materials to make composites with high selectivity and high adsorption capacities. One
example of this is the chitosan-based molecularly imprinted adsorbent made by Yu et. al.
which selectively adsorbed PFOS at a maximum adsorption capacity of 280 mg/g.84
AEX and non-ionic resins have also been used to adsorb PFAS.12,75,80,102,103 Among
these, AEX resins exhibit better performance than non-ionic resins. AEX resins exhibit
high PFAS adsorption capacities. However, due to the relatively high cost of AEX resins,
it is necessary to regenerate the adsorbent after saturation. The AEX resins can be
regenerated using a mixture of methanol and salt solution.12,80 Hence, PFAS treatment with
AEX resins also generates a concentrated brine which has to subsequently handled and
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treated prior to disposal. Furthermore, kinetics of PFAS adsorption on AEX resins are
slow and can take up to 168 h to achieve adsorption equilibrium.75
Activated carbon is a widely used adsorbent in water treatment to remove taste and
odor compounds, synthetic organic contaminants and some heavy metals.104–107 It has also
been applied to PFAS remediation and has demonstrated high adsorption capacities for
PFOA and PFOS (Table 2-2). In fact, among all the non-destructive treatment methods,
adsorption on activated carbon is the most common and commercially used remediation
technology for treating groundwater impacted with PFOA and PFOS.13,108 Good removal
efficiency, ease of use and relatively low material cost make activated carbon an attractive
adsorbent for large scale treatment operations. Granular activated carbon (GAC) has been
demonstrated to remove PFAS consistently at µg/L concentrations from aqueous
environments with >90% efficiency.13,14,78 Activated carbon materials have also been
applied successfully for PFAS removal in several field-scale studies.14,109,110A 2005 pilot
scale study done by 3M in Minnesota demonstrated that GAC was able to successfully
remove 99% of PFOA from wastewater containing 2 mg/L PFOA.111 GAC is generally
used for large scale application instead of powdered activated carbon (PAC) to facilitate
easier and faster separation using sedimentation. However, due to larger particle size GAC
has lower adsorption capacity than PAC, with studies demonstrating that PAC can have up
to two times higher adsorption capacity for both PFOA and PFOS compared to GAC.75
Furthermore, smaller particle size of PAC enables faster adsorption kinetics than GAC.14
Studies have shown that PFOA and PFOS adsorption can take up to 168 h to reach
equilibrium on GAC while adsorption equilibrium is reached within 5 h for PAC.12 Hence,
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GAC offers easier separation with a trade-off of adsorption capacity and kinetics. PAC
may be a better suited adsorbent for small-scale water treatment applications and for pointof use filtration devices.
PFAS adsorb on activated carbon materials via hydrophobic interactions.11,12 The
octanol/water partition coefficient (Kow) of an organic contaminant is a good indicator of
how effectively it can be removed by activated carbon via hydrophobic interactions.
Generally, contaminants with log Kow >2 are effectively removed by adsorption onto
activated carbon.112 It is impossible to measure Kow of PFAS experimentally due to their
unique oleophobic and hydrophilic properties. However, log Kow of PFOA and PFOS has
been theoretically determined as 4.59 and 5.26, respectively. These values indicate that
both PFOA and PFOS can be effectively removed by activated carbon with PFOS expected
to exhibit higher adsorption efficiency due to its higher hydrophobicity, which is wellsubstantiated by experimental data (Table 2-2).12 Shorter chain PFAS are less hydrophobic
and have been shown to demonstrate lower adsorption capacities on activated carbon than
their eight carbon counterparts.12,75,80
As activated carbon is the current choice for non-destructive remediation of PFAS,
it is important to engineer activated carbons with enhanced adsorption capacities. Activated
carbons with enhanced adsorption capacities will not only remove PFAS more efficiently
but would also significantly reduce the amount of solid waste that has to be disposed-off
post treatment. Saleh et. al. report that the PFAS adsorption capacities of carbonaceous
materials like multi-walled carbon nanotubes are proportional to their surface area.11
Consequently, activated carbons with ultra-high surface areas are expected to demonstrate
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superior adsorption capacities for PFAS and other contaminants of interest that exhibit log
Kow >2. Furthermore, pore size of activated carbons has been shown to have significant
effect on adsorption of PFAS.12,13 Mesopores (2-50 nm) and macropores (>50 nm) have
been reported to facilitate higher adsorption capacities for long chain PFAS like PFOA and
PFOS compared to micropores (<2 nm).54 However, studies have indicated that smaller
chain PFAS can break through the activated carbon materials due to their higher
mobilities.13,113 Smaller pores may be more amenable for removal of shorter-chain PFAS
and may prevent their breakthrough by better restricting their mobility than larger pores.
Furthermore, presence of NOM can significantly impact PFAS adsorption by
competitively adsorbing on AC.12,114,115 NOM consists of relatively large sized organic
molecules such as humic acid. It may be interesting to investigate if activated carbons with
higher proportion of micropores exhibit selectivity for smaller sized contaminants against
NOM via size-exclusion. Hence, while mesopores and macropores may provide higher
adsorption capacities for long chain PFAS, micropores may be more effective for shorter
chain PFAS and may facilitate selective adsorption of small molecules in presence of
NOM. Surface chemistry of activated carbons can also be modified to enhance their
adsorption capacity for PFAS. Past research has indicated that amine groups are favorable
for PFAS adsorption.95,96 Functionalization of activated carbon with amine groups via
ammonia gas treatment has also been shown to enhance PFAS adsorption.116 Furthermore,
acid treatment of activated carbon has been reported to induce positive surface charge and
enhance PFAS adsorption via additional electrostatic interactions.14
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Synthesizing activated carbon materials with ultra-high surface areas, and favorable
pore structure and surface chemistries would not only benefit PFAS remediation efforts
but would also benefit treatment efforts towards a broad range of other contaminants that
can be effectively removed using activated carbon such as EDCs.

2.3. PFAS treatment using destructive methods
In the past two decades, a range of destructive treatment processes have been used
to degrade PFASs, primarily PFOA, with varying degrees of success. AOPs, which
generally demonstrate high removal efficiencies for organic contaminants, have been
reported to have limited success in degrading PFASs, primarily due to the high strength of
C-F bonds (116 kcal/mol).33,34 Progress in the application of AOPs for PFAS remediation
has also been thwarted by the ambiguity that surrounds the role of ROS such as •OH and
O2•- in degrading PFAS. Some studies in the past have indicated that •OH is ineffective in
degrading PFAS while others have reported its ancillary role in degrading PFAS. The
efficacy of O2•- in degrading PFAS is also uncertain due to lack of reliable experimental
data. Resolving this ambiguity surrounding the ability of ROS to degrade PFAS is
necessary so that researchers and remediators can focus their efforts on processes that lend
most promise.
In the following sections, a brief overview of some promising PFAS degradation
processes is given followed by a discussion of literature on AOPs that has created
ambiguity surrounding the effectiveness of •OH and O2•- in degrading PFAS.
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2.3.1. Overview of promising PFAS destructive treatment processes
A wide range of treatment processes have been applied to degrade and defluorinate
PFAS. A detailed description of these is outside the scope of this dissertation as a number
of review papers provide a comprehensive overview of the relevant literature.11,13,14,117
Instead, a selected few processes which have shown considerable promise in lab-scale
studies will be briefly discussed in this section. These include sonochemical, alkaline
hydrothermal, plasma, heterogeneous photocatalysis, and microbial reduction. AOP that
primarily rely on ROS to degrade PFAS will be covered in subsequent sections.
Sonochemical degradation of PFOA and PFAS has been successfully demonstrated
in several lab-scale studies (Figure 2-2).23,24,118–120 Sonolysis uses high frequency
ultrasound to induce cavitation bubbles in water. The bubbles subsequently collapse via
quasi-adiabatic compression which generates average vapor temperatures near 4000 K and
bubble-interface temperatures near 1000 K.121–125 The water vapor undergoes pyrolysis to
produce •H

and •OH. Both PFOA and PFOS have been shown to be completely

mineralized by sonolysis over a wide range of concentrations (5 ppb – 5 ppm) exhibiting
short degradation half-lives of < 30min.23 PFOA and PFOS, due to their non-volatile
nature and surfactant property, diffuse to the bubble-water interface and undergo pyrolysis
to remove ionic-head group and form fluorochemical intermediates.118 The fluorochemical
intermediates then undergo a series of pyrolytic degradations within the bubble vapor phase
to form CO, CO2 and F-.23 Cheng et. al. used sonolysis to degrade PFOS and PFOA in
groundwater beneath a landfill. They observed that sonochemical degradation rate in
groundwater was reduced by 61 and 56% for PFOS and PFOA, respectively, relative to
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deionized water.24 Temperature reduction at the bubble-water interface by volatile organic
compounds was the primary factor responsible for reduced degradation efficiency whereas
dissolved organic matter was found to have negligible inhibitory effect. Though sonolysis
of PFAS was demonstrated a decade ago, limited progress has been made in using
sonochemical methods for large scale ex-situ remediation of PFAAs contamination sites.
One reason may be that ultrasonic treatment is highly energy intensive and sonication
process is quite inefficient with respect to total input energy.126 This may make large scale
application of sonolysis economically unfeasible.

Figure 2-2: Sonochemical degradation of PFAS.
High frequency ultrasound produces cavitation bubbles which collapse to generate high
vapor and bubble-water interface temperatures. PFAS due to their surfactant-like property
diffuse to the bubble-water interface and undergo pyrolytic degradation.

Hydrothermal treatment is another strategy that holds promise for treating PFASconcentrated waste, such as the brine produced by filtration processes and by regeneration
of anion-exchange resins.32,127 Hydrothermal treatment of PFAS uses high temperature and
pressure to maintain water in subcritical states i.e. water maintained in liquid state at > 100

48

˚C by application of high pressure. Subcritical water provides a highly reactive
environment to facilitate reactions that do not occur under normal conditions.128
Hydrothermal treatment was first used for PFAS treatment by Hori et. al. in 2006, where
subcritical conditions (350 ˚C and 23.3 MPa) were applied to degrade PFOS in the presence
of zerovalent iron.127 After 6 h treatment, PFAS was completely degraded from the solution
with 51.4% fluoride yield. Surface interactions on the surface of zerovalent iron were
postulated to play a major factor in PFOS degradation. Mechanistic insights into the
reaction mechanism could not be investigated due to strong sorption of PFOS and
intermediate byproducts on the zerovalent iron surface. The study by Hori et. al. used a
very high zerovalent iron loading (> 50 g/L) to facilitate PFAS removal which made the
process practically unfeasible.127 Recently, Wu et. al. have found that alkaline conditions
(pH > 9) are amenable to PFOS degradation using hydrothermal treatment without any
additional metallic amendments.32 1M NaOH solutions containing 50 mg/L PFOS
demonstrated >90 % PFOS degradation with 80 % defluorination under subcritical
conditions (350 °C, 16.5 MPa). Other amendments which created alkaline conditions like
sodium borohydride and potassium ferrate were also found to be effective. PFOS
degradation was mediated by nucleophilic substitution of sulfonate group by -OH ion to
form an unstable eight carbon perfluorinated alcohol which was subsequently converted to
PFOA via hydrolysis (Figure 2-3). PFOA was further degraded to shorter chain
perfluorinated carboxylic acids via successive decarboxylation and hydrolysis reactions.
Interestingly, in their study, PFOA was found to degrade under hydrothermal conditions
without requiring any additional amendments like NaOH. Although, alkaline hydrothermal
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treatment has shown considerable promise for treating PFOA and PFOS in lab-scale
studies, further studies need to be conducted with real water samples where a wide variety
of PFAS compounds with diverse structures are present. Furthermore, the effect of
interfering coexisting species such as natural organic matter and IPA should be evaluated
to assess if they induce any inhibitory effect on the process efficiency.

Figure 2-3: Alkaline hydrothermal treatment process.
a) High temperature and pressure keep the water under subcritical conditions (350 °C, 16.5
MPa) and facilitate reactions that do not occur under normal condtions. b) Mechanism of
PFOS degradation under alkaline hydrothermal process (Adapted from Wu et. al.).32 -OH
catalyses a series of nucleophilic substitution and decarboxylation reactions that
defluorinate and degrade PFOS via PFOA intermediate.

Electrical plasma discharge technology has also shown potential for degrading
PFAS in several lab-scale studies.26,129–131 In this process, high voltage electricity is used
to induce plasma at the gas-liquid interface. The plasma consists of highly reactive species
like •OH, H•, HO2•, O2•−, H2 and aqueous electrons (eaq-) which can facilitate oxidation and
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reduction reactions.132 The temperature inside plasma can also reach several thousand
Kelvins and cause thermal degradation of organic contaminants. PFOA and PFOS were
first degraded using plasma discharge process by Yasuoka et. al. about a decade ago in a
direct DC dielectric barrier plasma discharge reactor which produced plasma inside the gas
bubbles (Figure 2-4a).129,131 Complete degradation of PFOA (41.4 mg/L) was observed in
3 h with 94.5% defluorination efficiency, while PFOS (60 mg/L) was completely degraded
after 8 h with ~ 70% defluorination efficiency.131 The degradation mechanism was probed
using PFOA and was found to primarily proceed via direct thermal decomposition of PFOA
to gaseous products without generation of shorter chain perfluorinated carboxylic acids.133
Reactive species like •OH and eaq- were found to play an insignificant role.129 Recently,
Holsen et. al. have demonstrated that pulsed electrical plasma reactor with laminar jet gas
bubbling configuration gives higher removal efficiencies for plasma-based water treatment
compared to other common reactor configurations (Figure 2-4b).134 In this reactor, 90%
PFOA (8.3 mg/L) was degraded during a 30 min treatment with ~ 27.5 % defluorination
efficiency. The PFOA removal efficiency (calculated by dividing first order rate constant
by power density) in pulsed plasma reactor with laminar jet gas bubbling was determined
to be 70 times higher than that observed for direct DC dielectric barrier plasma discharge
reactor. In the study by Holsen et. al. reduction with aqueous (eaq-) and free plasma
electrons (e-), and charge-transfer via high energy argon ions (Ar+) were determined to be
primarily responsible for PFOA degradation.26 A detailed analysis of by-products
corroborated stepwise degradation of PFOA and PFOS mediated by eaq-, e- and Ar+.135 The
degradation mechanism reported by Holsen et. al. is in contrast to the degradation
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mechanism reported by Yasuoka et. al. in their direct DC dielectric barrier plasma
discharge reactor where PFOA was removed primarily through thermal decomposition
without forming shorter chain perfluorinated carboxylic acids and with negligible
contribution from eaq-.129,133 This indicates that PFAS degradation mechanism in plasma
discharge reactors may be dependent on reactor configuration and experimental conditions,
which should be further investigated in future studies. One reason might be that some
plasma reactor configurations may better facilitate the exposure of contaminants to high
temperatures due to variation in temperature gradient profiles at liquid-gas interface among
various configurations.136 Overall, plasma discharge processes show considerable potential
for degrading PFAS in lab-scale studies. In fact, the pulsed plasma reactor with laminar jet
gas bubbling is currently being applied in the field to degrade PFOA and PFOS at WrightPatterson Air Force Base, which will demonstrate the commercial applicability of the
techonology.137
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Figure 2-4: Reactor configurations for electrical plasma discharge.
High voltage electricity is used to induce plasma at gas-liquid interface. The plasma
consists of reactive species such as like •OH, H•, HO2•, O2•−, H2 and eaq- which faciliate
oxidation and reduction reactions. a) Direct DC dielectric barrier plasma discharge reactor
(Adapted from Takeuchi et. al.).133 b) Pulsed electrical plasma reactor with laminar jet gas
bubbling (Adapted from Stratton et. al.).26

Most of the treatment processes that have shown promise in degrading PFAS can
only be used for ex-situ remediation which has a much higher cost than in-situ remediation.
Furthermore, pump-and-treat operations for ex-situ remediation of groundwater can take
up to 50-100 years to reach remediation goals, which in several cases are not even
achieved.138 Microbial degradation of PFAS is actively sought-after in the PFAS
remediation community due to its potential as a cost-effective in-situ remediation
technology. In the past, microbial degradation and transformation of several
polyfluorinated compounds has been successfully demonstrated. 30,139–145 Polyfluorinated
substances are fluorinated compounds which also have non-fluorinated alky groups. The
presence of hydrogen atoms makes polyfluorinated substances susceptible to microbial
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cleavage and transformation.13 However, during microbial degradation, polyfluorinated
compounds can be transformed to perfluorinated counterparts that are more recalcitrant to
conventional microbial degradation processes. For example, 8:2 fluorotelomer can form
PFOA, while 6:2 fluorotelomer can form perfluoropentanoic acid (PFPeA) and
perfluorohexanoic

acid

(PFHxA)

as

terminal

metabolites

during

microbial

degradation.139,140,146 Studies on biodegradation of recalcitrant PFASs like PFOA and
PFOS are limited. Pseudomonas aeruginosa strain HJ4 was reported to aerobically degrade
67% of PFOS (600 mg L−1) after 12 h.147 However, concerns over the methodology were
raised by other researchers which have not yet been satisfied with additional corroborating
data.148 In another study, Pseudomonas parafulva strain YAB1 was found to degrade 32.4%
PFOA (500 mg/L) after 96 h.149 The degradation was enhanced to 48.1% by adding 1 g/L
glucose as an exogenous carbon source. However, no data pertaining to released fluoride
ions and degradation metabolites was presented, raising concerns over the validity of the
study. Chetverikov et. al. have demonstrated that a strain of Pseudomonas plecoglossicida
isolated from soil can use PFOS as a carbon source and transform it to perfluoroheptanoic
acid with release of fluoride ions.150 Recently, microbial reduction of PFOA and PFOS
has been successfully demonstrated using Acidimicrobium sp. strain A6.151
Acidimicrobium sp. strain A6 is an autotroph that oxidizes NH4+ to nitrite NO2− while
reducing Fe(III) to Fe(II), a process known as Feammox.152 Over 100-day incubation
period, up to 50% and 60% degradation was observed for PFOA (100 mg/L) and PFOS
(100 mg/L), respectively. Release of fluoride ions and detection of shorter chain
degradation by-products corroborated that PFOA and PFOS were degraded. Feammox
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process shows potential for in-situ remediation of PFAS contaminated soils and
groundwater, however, further studies need to be conducted to determine the efficacy of
the process in real soil and water samples. Nevertheless, recent studies on microbial
degradation of PFAS, which were long considered recalcitrant to microbial remediation,
show promise and encourage future studies to identify microbial processes that are
amenable to PFAS degradation and enable low cost in-situ remediation of PFAS
contamination sites.
Heterogeneuous semiconductor-based photocatalysts like TiO2 have been actively
researched for degradation of organic contaminants and reduction of oxyanions.153 An
advantage of semiconductor photocatalysts is that they do not require continuous addition
of chemicals like H2O2 (a major cost for other AOPs), and generate a wide variety of
oxidizing species like photogenerated hole (h+) and •OH, and reducing species like
photogenerated electron (e-) and O2•-.154,155 Limited success has been achieved in degrading
PFAS using semiconductor photocatalysts in the past, primarily due to the recalcitrance of
C-F bond. However, a few novel semiconductor photocatalysts have been demonstrated to
be effective in degrading PFAS. These degrade PFAS through either one of the following
three mechanisms: (1) Reduction with photogenerated e-; (2) Oxidation with
photogenerated h+; and (3) Hydrodefluorination reactions. Zhao et. al. used β-Ga2O3 to
degrade PFOA under anoxic conditions and found that ~ 30% PFOA (40 mg/L) was
degraded under 3h UV irradiation (254 nm) with ~15% defluorination efficiency (Figure
2-5).46 PFOA removal by β-Ga2O3 was at least five times higher than TiO2 under similar
conditions. Photogenerated e- were determined to be the main reacting specie as no
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decomposition of PFOA was observed in the presence of oxygen which is a known
scavenger of photogenerated e-. The high conduction band (ECB = -2.95 eV) of β-Ga2O3
was postulated to be responsible for its higher reduction potential than TiO2 (ECB = -4.21
eV). In a later study, a novel nanoporous β-Ga2O3 with sheaf-like structure which exposed
the high activity (001) crystal facet was evaluated for PFOA degradation.156 Complete
degradation of PFOA (0.5 mg/L) was observed in 45 min under 254 nm UV irradiation.
The pseudo first order rate was 4.85 h-1. After 3 h reaction, defluorination efficiency of
61% was achieved. The low F- recovery was likely due to adsorption of F- on the catalyst
surface. Interestingly, in contrast to previous study, photogenerated h+ were determined as
the main reacting specie using electron spin resonance trapping experiments. The valence
band of β-Ga2O3 (EvB = -7.75 eV) is also lower than valence band of TiO2 (EvB = -7.41
eV), which means that it possesses a higher oxidation potential than TiO2.157 As mentioned
earlier, it also possesses a stronger reduction potential than TiO2. Hence, it is likely that
under the right conditions, both photogenerated h+ and e- on β-Ga2O3 are effective in
degrading PFOA. A more detailed analysis to probe the efficacy of each reacting specie
should be conducted in future studies. It must be noted that in both studies using β-Ga2O3
the PFOA was postulated to be degraded to shorter chain PFCAs in stepwise manner via
successive decarboxylation reactions.46,156 A highly porous nanoporous In2O3 assembled
from nanosheets has also demonstrated good photocatalytic degradation activity for
PFOA.158 PFOA (30 mg/L) was completely degraded within 30 min under UV irradiation
(254 nm) with a first order rate constant of 5.89 h-1 and defluorination efficiency of 71%.
Photogenerated h+ were identified as the main reacting species. Interestingly, In2O3 has a
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lower oxidation potential than TiO2 ,due to a higher valence band.159 However, TiO2 had
54 times slower PFOA degradation rate compared to In2O3. The high adsorption affinity of
In2O3 surface for PFOA was postulated as one of the factors responsible for the large
difference in the activity of the two catalyst. EPR experiments confirmed that the
photogenerated h+ on TiO2 surface preferentially reacted with water and transformed to
•OH while h+ on In2O3 surface produced less •OH and exhibited higher tendency to
directly react with adsorbed PFOA. A similar observation has also been reported by Sahu
et. al. for a novel Bi3O(OH)(PO4)2 (BOHP) photocatalyst.160 The study demonstrated that
the novel BOHP catalyst, despite having lower redox potential and surface area than the
well-known monoclinic BiPO4, exhibited 15 times greater PFOA degradation rate than the
later. The pseudo-first-order PFOA degradation rates for BOHP and BiPO4 were 6 h-1 and
0.40 h-1. The favorable adsorption of deprotonated PFOA on the highly hydroxylated
BOHP surface was identified as the primary factor responsible for the superior
performance of the catalyst. These studies demonstrate that developing photocatalysts with
favorable redox potentials capable of degrading PFOA is not sufficient in itself, rather it is
imperative that the surface of the catalyst also be amenable to PFOA adsorption to facilitate
direct charge transfer. Recently, an unconventional SiC-graphene photocatalyst has also
been developed which degrades PFOA via novel photoinduced hydrodefluorination
reaction.161 Under UV irradiation (254 nm) water was dissociated on the surface of SiC
leading to formation of Si-H bonds. The Si-H can subsequently cause reductive cleavage
of C-F bonds via Si-H/C-F redistribution. The redistribution happens because Si−F bonds
are stronger than the C−F bonds in PFOA, whereas C−H bonds are stronger than Si−H
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bonds. The authors postulated that the redistribution may also be assisted by the activation
of C-F bonds through the transfer of photogenerated e- from SiC to PFOA via graphene.
Detection of polyfluorinated by-products (partially fluorinated compounds) in the reaction
mixture corroborated the hydrodefluorination mechanism. However, the SiC-graphene had
low PFOA degradation efficiency and exhibited a slow pseudo first order rate constant of
0.096 h-1. In a later study, a more efficient hydrodefluorination catalyst was developed by
loading Pt as single atom islands on SiC.162 Pt induced formation of greater number of SiH bonds via hydrogen spillover phenomena. The pseudo first-order rate of PFOA
degradation under UV irradiation (254 nm) was determined as 1.98 h-1 for Pt-SiC which
was 20 times faster than what was observed for graphene-SiC photocatalyst, corroborating
that formation of Si-H was the rate limiting step. Overall, heterogeneous photocatalysis has
demonstrated some potential in degrading PFAS. However, it must be noted that all of the
studies on heterogeneous photocatalysts have been conducted using PFOA as a model
PFAS, which is a much less recalcitrant compared to PFOS. The efficacy of the
photocatalysts in real PFAS contaminated samples must be evaluated to assess the
inhibitory effect of interfering species like inorganic ions and NOM, and also to determine
the effectives of the photocatalysts in degrading PFAS of diverse structures.
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Figure 2-5: Heterogeneous photocatalytic degradation of PFOA.
Semiconductor photocatalysts have been demonstrated to degrade PFOA via a) reduction
with photogenerated e- or oxidation with photogenerated h+, both of which degrade PFOA
via decarboxylation reactions.46,158 b) Hydrodefluorination reactions that subsitute C-F
with C-H bonds in conjunction with Photo-Kolbe decarboxylation reactions (Reproduced
from Huang et. al.).161

AOPs, like TiO2 photocatalysis, have had little success in degrading
PFAS.46,156,158,161–163

AOPs produce ROS such as •OH and O2•− which react with

contaminants and degrade them. However, the efficacy of •OH and O2•− in degrading PFAS
is uncertain, either due to lack of reliable data or due to contradictory claims made in the
literature. It is important to resolve this ambiguity so that researchers can productively
focus their efforts on processes and treatment technologies that hold most promise in
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degrading PFAS. In the following sections, literature relevant to PFAS degradation by
•OH and O2•− will be discussed, highlighting the controversy that exists regarding their
efficacy.
2.3.2. Efficacy of hydroxyl radical in PFAS degradation
In this section, the ambiguity surrounding the role of •OH in degrading PFAS,
specifically PFOA, will be discussed.
One of the first studies demonstrating the inefficacy of •OH towards PFAS was
conducted by Gebicki et. al. using pulse radiolysis.42 In pulse radiolysis, high energy
electrons (typically 3-10 MeV), generated using linear particle accelerator, are used to
ionize water, and produce a number of radical species such as solvated e- and •OH.164 The
decay kinetics of these species are monitored using UV-Vis spectroscopic methods.
Furthermore, mechanistic understanding into the reactivity of a radical towards a chemical
can be gained by evaluating the changes in decay rates of the radical specie by addition of
the target compound. Gebicki et. al. computed the •OH reaction rate with ammonium
perfluorooctanoate (APFOA) and sodium octanoate using competition kinetics method,
whereby thiocyanate ions were added as •OH competitors.42 Competition kinetics method
is used for •OH because •OH has very weak optical adsorption. The rate of •OH reaction
towards target compounds (ktarget) in presence of thiocyanate ions was computed using the
following relation:
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Equation 2-1: Relationship between •OH reaction rate with target contaminants and
thiocyante ions during pulse radiolysis measurement.

A0 and A are absorbances of the thiocyanate radical anion at 475 nm and kSCN- is 1.1 * 1010
M-1s-1. The rate constant of the •OH reaction with sodium octanoate was 5.6 * 109 M-1s-1
whereas •OH was found to be unreactive towards APFOA as no effect on thiocyanate
absorbance was observed in the presence of APFOA even with a 350 times higher
concentration of APFOA compared to SCN-.

Based on the detection limits of the

experiment, it was concluded that the •OH reaction rate towards APFOA could be no more
than 3 × 107 M-1s-1. The study by Gebicki et. al. corroborates an earlier research by
Maruthamuthu et. al. who used γ radiolysis to study kinetics of •OH reaction with
haloacetates.165 •OH rate constants for mono-, di-, tri-substituted and unsubstituted
fluoroacetates were computed using competition kinetics method with thiocyanate as the
competitor. •OH rate constants were found to decrease with increasing number of fluoride
substitutions, emphasizing the recalcitrance of C-F bond to •OH. Fully substituted
trifluoroacetate had a •OH rate constant of < 1 × 106 M-1s-1. •OH is a very reactive radical
and typically reacts with organic molecules at very fast rates in the order of 109-1010 M-1s1

. These are at least three magnitudes higher than the •OH reaction rates expected for most

PFAS based on earlier photolysis studies.166 •OH can also react with itself and self-quench.
The rate constant for •OH self-quenching in aqueous solutions has been determined as 5.5
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× 109 M-1s-1.47 This implies that •OH are also more likely to self-quench than to react with
recalcitrant PFAS. Hori et. al. used a UV-H2O2 AOP to test the efficacy of •OH in
degrading PFOA. They compared PFOA (12.25 mg/L) degradation in UV photolytic
system with UV-H2O2 (34 g/L) AOP, and found that UV photolysis outperformed UVH2O2 (34 g/L) under 1-day UV (254nm) irradiation. As UV-H2O2 is a well-known system
for producing •OH, lower degradation observed for PFOA in UV-H2O2 (34 g/L) AOP
compared to UV photolysis was taken as an indication of the inefficacy of •OH towards
PFOA degradation. However, it must be noted that impractically high concentration of
H2O2 (34 g/L) was used in the study without any efforts to maximize •OH production. At
high concentrations, UV-H2O2 becomes inefficient due to potential scavenging of both
•OH and UV light (inner filter effect) by H2O2.167 Therefore, the results of the study do not
provide conclusive evidence for the ineffectiveness of •OH in degrading PFOA. Several
other studies also indirectly provide evidence for the unreactivity of •OH towards PFAS.
For example, sonochemical treatment produces •OH but degrades PFAS primarily via
pyrolytic pathway with negligible contribution from •OH.23 Similarly, plasma discharge
treatment produces a range of reactive oxidation and reduction species including •OH but
degrades PFAS primarily via reduction with hydrated e- with no significant contribution
from •OH.26 Countless other references in the literature can also be found which make
similar claims.46,158,163 Overall, a general perception exists in the PFAS remediation
community that AOP and •OH are ineffective in degrading PFAS.
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However, there are several studies on PFAS degradation, specifically PFOA
degradation, which make contradictory claims and indicate that •OH may have an ancillary
role in PFOA degradation. Tang et. al. have reported an ancillary role of •OH in PFOA
degradation during UV-Fenton processes.15 In UV-Fenton, Fe+2 reacts with H2O2 and forms
Fe+3and •OH. Under 1 h UV (254 nm) irradiation, 87. 9% PFOA (8.28 mg/L) was degraded
with defluorination efficiency of 35.8 % by UV-Fenton (Fe+2: 4 mM; H2O2: 40 mM). Fe+3
mediated decarboxylation of PFOA was determined to be the primary degradation
mechanism. However, addition of •OH scavenger tert-butyl alcohol (TBA) to the UVFenton system was found to significantly decrease PFOA defluorination efficiency,
indicating that •OH may play an ancillary role during PFOA degradation (Figure 2-6).

Figure 2-6: PFOA defluorination in UV-Fenton system in the presence of superoxide
(Benzoquinone (BQ)) and hydroxyl radical (TBA) scavengers.
(1) PFOA (8.28 mg/L) degradation in UV-Fenton (Fe+2: 4 mM; H2O2: 40 mM) without
any scavengers under 5 h UV (254 nm) irradiation. (2) Addition of BQ does not
significantly effect PFOA degradation indicating that O2•− does not play a major role in
degrading PFOA in UV-Fenton system (3) Addition of TBA inhibits PFOA degradation
emphasizing an ancillary role of •OH during PFOA degradation. [Reproduced from Tang
et. al.]15
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A past study in our lab investigating the natural attenuation of PFOA by Fe+3 under sunlight
also corroborated the observations made by Tang et. al.16 Under natural sunlight irradiation
conditions, 97.8% PFOA (20 mg/L) was degraded by Fe+3 (0.48 mM) over a period of 28
days with 12.7% defluorination efficiency. UV-Fe+3+H2O2 system was evaluated for PFOA
degradation in the presence of ROS scavengers during additional simulated experiments to
probe mechanistic understanding into the photodecomposition mechanisms. It was found
that presence of TBA (•OH scavenger) significantly reduced PFOA defluorination,
indicating that •OH contributed significantly to PFOA degradation (Figure 2-7).

Figure 2-7: Effect of L-histidine (2mM) and tertiary butyl alcohol (TBA) (2mM) on
F- release in UV-Fe+3+H2O2 system (Fe+2: 0.48 mM; H2O2: 4 mM) under UV
irradiation (254 nm).
TBA significantly inhibited the PFOA defluorination indicating an important role of •OH
in PFOA degradation.
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PFOA degradation in the UV-Fe+3 + H2O2 was also proposed to proceed primarily via Fe+3
mediated decarboxylation (Figure 2-8). However, a novel •OH pathway was proposed
where •OH contributed to PFOA degradation by either initiating the decarboxylation
reaction (step 3) or by accelerating the conversion of perfluorinated radical to
perfluorinated alcohol (step 4).

Figure 2-8: Proposed PFOA degradation pathway in UV-Fenton and UV + Fe (III)
systems.
The degradation mechanism is adapted from Liu et. al. and Tang et. al. 15,16Fe(III)
coordinates with PFOA (pathway 1) and decarboxylates it via ligand to metal charge
transfer under UV irradiation (pathway 2). 168 •OH has been proposed to enhance PFOA
degradation by either initiating decarboxylation (pathway 3) or by accelerating the
conversion of perfluorinated organic radical to perfluorinated alcohol (pathway 4).16

As has been previously mentioned, TiO2 has had limited success in degrading
PFOA. However, there are several papers where TiO2 has been modified to improve PFOA
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degradation by reducing e-/h+ recombination and enhancing •OH production. For example,
Gomez-Ruiz designed a TiO2 and reduced graphene composite (95% TiO2/5% rG) and
demonstrated that the composite (100 mg/L) successfully degraded 93 ± 7% PFOA (100
mg/L) under 12 h irradiation (Hg lamp-200-600 nm) compared to only 24 ± 11% PFOA
removal observed for TiO2 alone.36 •OH was proposed to be the main agent responsible for
PFOA degradation. rG acted as an acceptor of photocatalytically generated e- and enhanced
•OH production by reducing e-/h+ recombination. Similar enhancements in PFOA
degradation were observed for composites of TiO2 with multiple wall carbon nanotubes
(MWCNTs), where higher •OH production due to electron capture properties of MWCNTs
led to enhanced PFOA degradation.39 Metals can also act as excellent electron capture
sources and TiO2 modified with transitions metals (Fe, Cu) or noble metals (Pb) has been
applied for PFOA degradation.37,38 In these studies, improvements in PFOA degradation
were also observed with modified TiO2 photocatalyst due to improved •OH production and
•OH was postulated as the main reactive specie
The above reviewed literature clearly demonstrates that an ambiguity exists
regarding the role of •OH in degrading PFOA, with some studies claiming its inefficacy
towards PFOA while others claiming that it plays an important ancillary role. Resolving
this ambiguity is critical so that PFAS remediation community can better focus their efforts
on processes that yield the highest benefit. Furthermore, if •OH is conclusively found to
play an important role in PFOA degradation, extensive knowledge of AOP can be
leveraged in the future to devise successful PFOA remediation technologies.
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2.3.3. Efficacy of superoxide radical in PFAS degradation
Superoxide (O2•−) is a reductant and a nucleophile that can be generated via a
number of processes. It can be produced by: (a) Photo-induced electron transfer to O2 (e.g.
TiO2),155 direct electron transfer to O2 (e.g. Zn/ZnO),169 and decomposition of H2O2 (e.g.
WOx/ZrO2, nZVI) on the surface of metal oxides;170,171 (b) Enzymatic systems (e.g.
xanthine oxidase in presence of hypoxanthine);172 and (c) CHP reactions (e.g. Fe+3 + H2O2
(> 0.1 M)).173 It can also be generated in aprotic systems by dissolution of superoxide salts
(e.g. KO2).174 In the following sections, the stability and reactivity of O2•− in aqueous
environment will be briefly discussed followed by a review of the literature related to O2•−
mediated PFOA degradation.
2.3.3.1. Background on the reactivity of superoxide in aqueous environment
O2•− is considered a good nucleophile in aprotic solvents, such as acetone and
dimethyl sulfoxide (DMSO), where the reduction potential (E0) of one-electron transfer
(O2/O2-) of O2•− is -0.88 V.175 However, in aqueous environment, O2•− is strongly solvated
by four water molecules and loses its nucleophilicity (E0 (O2/O2-) = -0.19 V). Furthermore,
in water O2•− undergoes rapid disproportion and is unavailable to react with other
compounds.175,176
2?@• = + C@ ? → C?@= + ?C= + ?@
Equation 2-2: O2•− disproportionation reaction.
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In the early 2000s, Watts et. al. demonstrated using CHP reactions that superoxide
could be stabilized in aqueous environment with the addition of less polar solvents like
H2O2.177 CHP reactions are modified version of classical fenton reactions, where presence
of Fe(III), iron oxides or iron chelates and excess of H2O2 results in propagation reactions
which generate O2•−, hydroperoxyl radical (HO2•) and hydroperoxide ion (HO2−) in
addition to •OH.

E8 F@ + C@ ?@ → E8 FG + ?C• + ?C=
Equation 2-3: Classical-Fenton reaction

E8 FG + C@ ?@ → E8 F@ + C?@• + CF
?C• + C@ ?@ → C?@• + C@ ?
C?@• → ?@• = + CF
C?@• + E8 F@ → E8 FG + C?@=
Equation 2-4: Modified-Fenton reactions

Watts et. al. found that iron(III)-catalyzed modified fenton reaction could successfully
degrade carbon tetrachloride (CT) in presence of high concentrations of H2O2.178 O2•− and
HO2• were identified as the main ROS responsible for CT degradation as CT cannot be
oxidized by •OH. It was postulated that high concentration of H2O2 (> 0.1 M) could
stabilize O2•− and make it amenable for nucleophilic reactions. This was corroborated by
degrading CT in aqueous KO2 system with H2O2 amendment.177 Aqueous solutions of KO2
could not degrade CT as O2•− is strongly solvated by water and disproportionates rapidly.
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However, addition of 1M H2O2 to aqueous KO2 system facilitated CT degradation.
Amendments of other solvents, with different polarities, to KO2 system also facilitated CT
degradation with CT degradation rate being inversely proportional to solvent polarity
(Figure 2-9). These observations confirmed that addition of solvents of lower polarity to
water stabilized O2•− and enhanced its nucleophilic reactivity, possibly by displacing the
water molecules in the solvation shell.175,177 Subsequently, stabilized O2•− in CHP reactions
has been successfully applied to degrade several other halogenated contaminants including
tricholorethylene, perchloroethylene, polychlorinated diphenyls and polychlorinated
dibenzo-p-dioxins.175,179

Figure 2-9: Correlation between CT degradation rate and solvent polarity observed
for five KO2-solvent systems.
The presence of solvents exhibiting lower polarity than water enhanced O2•− reactivity and
facilitated its reacition with CT, with the reaction rate being inversely proportional to
solvent polarity. The CT (1 mM) degradation experiments were conducted in aqueous KO2
(2 M) solution at pH 14 with solvents at 1 M concentrations. (Reproduced from Watts et.
al.)177
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In a later study, Watts et. al. found that O2•− could also be stabilized in aqueous
environment by addition of high surface area solid surfaces.180 Using an aqueous KO2
system, it was determined that the reactivity of O2•− towards hexachloroethane was
enhanced by addition of MnO2 and glass beads, with the reaction rate being directly
proportional to the surface area of the added solid regardless of the surface chemistry.
Surface stabilization of superoxide has also been reported by several other studies.170,181,182
For example, Wang et. al. investigated the stability of photogenerated O2•− on the surface
of several metal oxide photocatalysts including TiO2.182 Photogenerated O2•− was found to
be stable on the surface of photocatalysts for up to several minutes with highest lifetime
observed for anatase TiO2 (t1/2 = 1274 s at pH 11). Surface interactions were determined to
play an important role in O2•− stabilization. Recently, Heck et. al. have demonstrated that
WOx/ZrO2 can produce and stabilize O2•− by H2O2 decomposition and facilitate O2•−
mediated 1,4-dioxane degradation.170
Traditionally, O2•− was considered to be unreactive in aqueous environment, but as
discussed in this section, research in past two decades has shown that O2•− can be stabilized
in aqueous environment to enhance its reactivity by using various strategies such as by
addition of high surface area metal oxides or in the presence of high concentration (>0.1
M) of low-polarity solvents.
2.3.3.2. Superoxide mediated degradation of PFOA
Limited work has been done in exploring the efficacy of O2•− for degrading PFOA.
Mitchell et. al. have previously reported that O2•− can successfully degrade PFOA via
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nucleophilic attack in CHP reactions.17 Under 150 min reaction, 89% PFOA (0.1 mg/L)
was degraded in the presence of Fe+3 (0.5 mM) and H2O2 (1 M). No degradation byproducts were observed during the reaction and no defluorination data was reported. O2•−
and HO2− were identified as the main reactive species responsible for degrading PFOA.
The role of O2•− was corroborated by degrading PFOA in two systems that only produce
O2•− i.e. Fe(III)-EDTA (5 mM) + H2O2 (2 M) + EtOH (3M) and MnO2 + H2O2 (2 M).
PFOA degradation was observed in both systems. However, no degradation by-products
and fluoride data were provided, which are critical evidence to demonstrate PFOA
mineralization. Furthermore, no supporting evidence was provided to corroborate that
superoxide was the only radical being produced in the two systems. The role of HO2− was
investigated by degrading PFOA in H2O2 (2 M) at pH 12.8. PFOA degradation was
observed with near stoichiometric release of fluoride ions. Again, no degradation byproducts were reported. It is interesting to note that previously HO2− has been reported to
be ineffective in dehalogenating carbon tetrachloride.177 Therefore, it is surprising that
HO2− could degrade PFOA via nucleophilic attack, considering that C-F bond (116
kcal/mol) is much stronger than C-Cl bond (78 kcal/mol).183 No follow-up peer-reviewed
study has come forth from Mitchell et. al. since 2014 to provide a detailed mechanism of
PFOA degradation by O2•- supported by adequate degradation by-product and
defluorination data. Furthermore, no follow-up study on determining the efficacy of O2•towards other PFAS, such as the more recalcitrant PFOS has been conducted. In fact, there
has only been one other study, where O2•- has been reported to be effective in degrading
PFOA.43 A novel iron-modified diatomite catalyst was developed and used to produce O2•-
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via CHP, hydrogen peroxide-activated persulfate and alkaline- activated persulfate
reactions. Enhanced PFOA degradation was observed for all sets of reactions in the
presence of the catalyst, with CHP reaction performing better than the others. Around 71%
PFOA (10 mg/L) was degraded in modified CHP reaction (1 M H2O2 + 1 g/L catalyst) over
six hours. Similar to the study by Mitchell et. al., no degradation by-products and fluoride
data were provided, raising concern over the validity of the work. It must be emphasized
that any claims to PFAS degradation without adequate degradation by-product or
defluorination data are unsubstantiated.
The efficacy of O2•− in degrading PFOA is surprising as TiO2, which is well-known to
produce O2•− under UV irradiation (λ < 387 nm), exhibits low reactivity towards PFOA (k
= 0.03 h-1), even though O2•− photocatalytically produced on TiO2 should be available to
readily attack PFOA as it is surface-stabilized with a lifetime up to several minutes.161,182,184
Furthermore, Ga2O3, another wide-gap semiconductor photocatalyst, which has been
shown to effectively degrade PFOA via photogenerated e- under anoxic conditions,
exhibits significantly reduced PFOA removal under oxic conditions where O2 scavenges
photogenerated e- to produce O2•−.46 Generally, the limited success of heterogeneous
semiconductor photocatalysts in degrading PFOA, implies that O2•− exhibits low reactivity
towards PFOA. However, further mechanistic studies are required to evaluate whether this
implication holds true.
Overall, an ambiguity exists in the literature regarding the efficacy of O2•− in degrading
PFOA, perpetuated by lack of reliable data and contradictory claims. It is imperative to
gain mechanistic understanding into the role of O2•− in PFOA degradation so that pertinent
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remediation strategies can be developed. O2•− is ubiquitously found in biological systems,
with several bacteria capable of extracellular O2•− production.185 Therefore, if O2•− is found
to be effective in degrading PFOA and other PFAS, it may open the door to novel chemical
and microbial based PFAS remediation strategies.
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Chapter 3

Understanding the structure-functionality
relationship of an ultra-high surface area
activated carbon for removal of contaminants
of emerging concern

This chapter is edited from published work in Carbon. 2018, 140, 441-448.
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3.1. INTRODUCTION
Activated carbon is widely used in water treatment to remove taste and odor
compounds, synthetic organic contaminants and some heavy metals.104–107 A number of
characteristics including pore structure, ash content, functional groups and surface area can
contribute to the adsorption efficiency of activated carbons.186 Pore structure and surface
area are very important parameters as high surface area and easily accessible pores can
significantly increase adsorption capacity.
Ultra-high surface area asphalt-derived activated carbon (AS) has been previously
synthesized, with surface areas achievable up to 4200 m2/g.187 This material was considered
for competitive adsorption of CO2 in carbon capture efforts. AS, with its ultra-high surface
area, may also offer superior performance for water purification. However, it is unclear
how the structural and functional characteristics of the ultra-high surface area activated
carbon affect its adsorption activity in aqueous environment; whether its high surface area
correlates favorably with adsorption capacity; and whether its pore-structure can impart
adsorption selectivity to target contaminants in presence of competing NOM. In this
chapter, we investigate how the surface area, pore structure and surface functionality of
this ultra-high surface area activated carbon affect its adsorption performance. Initial
characterization was conducted with BPA as adsorbate, because this is an EDC of emerging
concern that is easy to analyze (e.g., using low-cost HPLC-PDA). Its aromatic structure
imparts it with a log Kow value of 3.32, which makes it well-suited (log Kow >2) for removal
by activated carbon-based materials.112,188 BPA is thus a convenient and relevant adsorbate
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to comprehensively characterize and benchmark the performance of our ultra-high surface
area activated carbon (AS) against commercial AC, including susceptibility to inhibition
by humic acid (HA), the main component of NOM, which competes for adsorption sites.
The effectiveness of AS was subsequently assessed and compared to that of
commercial AC for the removal of our main target, PFOA. This analysis is more labor
intensive and expensive, making it less convenient for mechanistic characterization of
adsorption processes as conducted with BPA. Thus, these experiments were limited to
adsorption performance characterization.
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3.2. MATERIALS AND METHODS
3.2.1. Materials
Untreated Gilsonite was provided by Prince Energy. Potassium hydroxide (KOH)
(≥85% purity), acetone (ACS reagent, ≥99.5% purity), acetonitrile (HPLC Plus, ≥99.9%
purity), bisphenol A (≥99% purity) and perfluorooctanoic acid (95% purity) were
purchased from Sigma Aldrich. Darco G-60 activated carbon (AC) was purchased from
Fisher Chemical. Suwannee River Humic Acid (HA) was purchased from International
Humic Substances Society. Polytetrafluoroethylene (PTFE) syringe filters with 0.2 µm
pore size were purchased from VWR International. Deionized (DI) water (>18.2 MΩ) used
for washings and solution preparations was prepared by Millipore (Milli-Q Academic)
water purification system.
3.2.2. Synthesis of AS
AS was synthesized using the KOH activation method,187 which yields higher
surface area activated carbon than steam activation and has also been previously used to
prepare ultra-high surface area 3D graphene-based bulk materials.189–191 Untreated
Gilsonite was chosen as the carbon source as it gives a much higher surface area activated
carbon compared to other carbon sources that we have previously tested (Table 3-1).
Briefly, Gilsonite (1.50 g) was heated on a ceramic boat under Ar in a tube furnace at 400
˚C for 3 h to remove the oils and obtain a stable ensuing pore structure; this material was
then allowed to cool to room temperature to form 0.50 g of pretreated Gilsonite. 0.25 g of
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the pretreated Gilsonite was then ground well with 1 g of KOH in a mortar. The mixture
was transferred to a quartz boat and heated in the tube furnace at 900 ˚C for 20 min under
Ar flow. This generates CO and CO2, which opens the pore structure. After the mixture
had cooled to room temperature, it was washed with acetone and water until the filtrate had
attained pH 7. This yielded AS (0.10-0.15 g) which was then dried in an oven at 100 ˚C
until constant weight before further use.

Table 3-1: Surface areas of activated carbons derived from different carbon sources
using similar synthesis strategy (KOH activation under Ar flow).

Carbon Source

Activation
Temperature
(˚C)

Surface Area of synthesized
activated carbon
(m2/g)

Reference

800-900

3800-4200

This Study,187

800

2780

192

CoolTerra® biochar

800

1995

187

Mesquite wood derived
Biochar

800

3130

193

Untreated Gilsonite
(Asphalt provided by
Prince Energy)
Versatrol HT
(Asphalt provided by
M-I SWACO)

3.2.3. BPA adsorption experiments
BPA adsorption isotherms were obtained by adding 10 mg of adsorbent (100 mg/L)
to a beaker containing 100 mL of BPA solution at different concentrations (50-200 mg/L
for AS, 10-100 mg/L for AC). A low adsorbent concentration (100 mg/L) was needed to
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obtain data on residual (non-adsorbed) BPA for adsorption isotherms and thermodynamic
analysis. The solutions were stirred continuously for 4 h to achieve adsorption equilibrium,
after which 1 mL sample aliquot was withdrawn and filtered through 0.2 µm PTFE filter
for analysis. For BPA adsorption kinetics experiments, 10 mg of adsorbent (100 mg/L)
were added to a beaker containing 100 mL of 50 mg/L BPA solution. The solutions were
continuously stirred. 1 mL sample aliquots were withdrawn at 5, 10, 15, 20, 25, 30, 60,
120, 180, 240 min intervals and filtered for further analysis. Temperature controlled
experiments to investigate thermodynamics of adsorption on AS were carried out by adding
10 mg of AS to a beaker containing 100 mL of 150 mg/L BPA solution. The beaker was
sealed with parafilm and the solutions were stirred continuously. The temperature of the
solutions was controlled using a thermocouple probe equipped hot plate. The experiments
were conducted at 23, 45 and 65 ˚C. Samples for analysis were taken after 4 h equilibration
time. BPA adsorption experiments in the presence of HA were conducted by adding 10 mg
adsorbent (AS or AC) to a beaker containing 100 mL solution of BPA (15 mg/L for AC
and 100 mg/L for AS) and HA (30 mg/L for AC and 200 mg/L for AS). Furthermore,
PFOA adsorption experiments were conducted by adding 10 mg adsorbent (AS or AC) to
a beaker containing 100 mL solution of PFOA (50 mg/L). The mixture was stirred for 8 h
to achieve equilibrium after which 1 ml aliquots were withdrawn and filtered through 0.2
µm PTFE filter for LC-MS analysis.
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3.2.4. Adsorption isotherm, kinetics, thermodynamics and adsorption selectivity
models
Two common adsorption isotherm models were considered to fit the data. The
Langmuir isotherm 194,195 is given by Equation 3-1:
M ∗.O
N ∗.O

N
H = IJ)K ∗ PFM

Equation 3-1: Langmuir isotherm

Where q is the amount of solute adsorbed onto adsorbent (mg/g), Ce is the
equilibrium concentration of solute remaining in solution (mg/L), KL is the Langmuir
constant (L/mg) and Qmax is the maximum adsorption capacity (mg/g).
The Freundlich isotherm 194,196 is given by Equation 3-2:
P/T

H = QR ;,

Equation 3-2: Freundlich isotherm

Where Kf and 1/n are system-specific constants. Kf indicates adsorption capacity
((mg/g)·(L/mg)1/n) and 1/n indicates intensity of adsorption where a higher 1/n value
indicates more favorable adsorption.
Two adsorption kinetics models were also considered. The pseudo 1st order model
197

is given by Equation 3-3:
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UVW
U(

= 'P (H, − H( )

Equation 3-3: Differentiated form of pseudo 1st order kinetic model

Which is integrated as Equation 3-4:
ln(H, − H( ) = \]H, − 'P 4

Equation 3-4: Integrated form of pseudo 1st order kinetic model

Where qe is the amount of solute adsorbed at equilibrium (mg/g), qt is the amount
of solute adsorbed at time t (mg/g), and k1 is the pseudo first order rate constant (1/min).
The pseudo 2nd order kinetic model 197 is given by Equation 3-5:
UVW
U(

= '@(H, − H( )@

Equation 3-5: Differentiated form of pseudo 2nd order kinetic model

Which is integrated as Equation 3-6:
(
VW

=

P
^_ VO_

+

(
VO

Equation 3-6: Integrated form of pseudo 2nd order kinetic model
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Where k2 is the pseudo second order rate constant (g/(mg·min)).
An intraparticle diffusion model
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was also used to assess whether the rate of

intraparticle diffusion was limiting overall adsorption kinetics Equation 3-7.
a

H( = '` 4 _

Equation 3-7: Intraparticle diffusion model

Where kp is the intraparticle diffusion rate constant (mg/(g·h1/2)).
Thermodynamic parameters of adsorption were calculated by determining the
solute (linear) distribution coefficient (Kd) at different equilibrium temperatures
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as

follows Equation 3-8Equation 3-10):

QU =

;b,
;,

Equation 3-8: Relationship to determine solute linear distribution coefficient under
equilibrium conditions

∆d˚ = −fg\]QU

Equation 3-9: Relationship between solute linear distribution coefficient and
standard free energy.

\]QU =

∆-˚
h

−

∆i˚
hj
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Equation 3-10: Relationship between solute linear distribution coefficient, standard
enthalpy and standard entropy.

Where CAe is amount of solute adsorbed at equilibrium (mg/L) and Ce is the
equilibrium concentration of solute in solution (mg/L). R and T are gas constant (8.314
J/(mol·K)) and temperature (K) respectively. ΔG˚, ΔH˚ and ΔS˚ are standard free energy
(J/mol), standard enthalpy (J/mol) and standard entropy (J/mol), respectively.
E=

HklbFib
Hklb

Equation 3-11: Ratio between qBPA+HA and qBPA

Where F is the ratio between BPA adsorbed on activated carbon with (qBPA+HA
(mg/g)) and without (qBPA (mg/g)) the presence of HA.

Qm,n,o(pqp(r =

EbEb.

Equation 3-12: Relationship to quantify selectivity of BPA adsorption on activated
carbon in presence of competing adsorbates

Where Kselectivity is the selectivity factor for BPA adsorption on AS compared to
AC.
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3.2.5. Characterization methods
Scanning electron microscope (SEM) images were obtained on Quanta 400 ESEM
equipped with field emission gun (FEI, now Thermo Fisher Scientific). High resolution
transmission electron microscope (HRTEM) images were obtained in a JEOL 2100 field
emission gun TEM (JEOL Ltd.). X-ray diffraction (XRD) was measured using Rigaku
D/Max Ultima II Powder X-ray diffractometer (Rigaku Corporation) equipped with a Cu
Kα radiation source (λ = 1.5418 Å). Raman spectrum were measured on a Renishaw Raman
microscope (Renishaw) using a 514 nm Ar ion laser with a power of 5 mW. Surface area
(Brunauer-Emmett-Teller (BET)) and pore size distributions (Horvath-Kawazo (HK) and
Barrett-Joyner-Halenda (BJH)) were measured using Autosorb-3B (Quantachrome
Instruments). Fourier-transform infrared spectroscopy (FTIR) was performed on Nicolet
FTIR Infrared Microscope (Thermo Fisher Scientific). X-ray photoelectron spectroscopy
(XPS) of the samples was performed on PHI Quantera SXM Scanning Photoelectron
Spectrometer Microprobe (Physical Electronics, Inc.).
3.2.6. Analytical methods
BPA was analyzed using a high performance liquid chromatography (LC20AT,
Shimadzu, Japan) equipped with a C-18 column (Atlantis dC18 Column, 100Å, 3 µm, 3.9
mm X 150 mm) and an UV−Vis photodiode array detector (SPD-M20A, Shimadzu, Japan).
60% acetonitrile and 40% water were used as the mobile phase. The flow rate and injection
volume were 1.0 mL/min and 40 μL, respectively. The zeta potential of AS and AC were
determined with a Zen 3600 Zetasizer Nano (Malvern Instruments, UK) by phase analysis
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light scattering. PFOA was analyzed by high performance liquid chromatography (Agilent
1200, Agilent Technologies) using a C18 column (Ascentis Express, 2.7 μm, 15 cm × 2.1
mm) and mass detector (MicroTOF, Bruker). The mobile phase was 60% acetonitrile with
0.1% formic acid and 40% water with 0.1% formic acid. The flow rate was 0.35 mL/min
and the column was maintained at 80 ˚C.

3.3. RESULTS AND DISCUSSION
3.3.1. Adsorbents characterization
SEM and HRTEM images of AC and AS are given in Figure 3-1a-1d). Both carbon
materials had different morphology with internal macroporous channels visible for AC
(Figure 3-1a). HRTEM images show that both materials were primarily amorphous.
However, small crystalline regions with lattice spacing of 3.4 Å were observed at the edges
of AS (Figure 3-1d). The presence of small crystalline regions in both carbons was also
later confirmed by XRD and Raman spectroscopy. AS and AC exhibited different N2
adsorption-desorption profiles (Figure 3-2). AS followed type Ib adsorption isotherm while
AC followed type IIb adsorption isotherm of the IUPAC 1985 classification of
physisorption isotherms.200 Type Ib indicates monolayer adsorption or a relatively small
amount of multilayer adsorption, and is typical for microporous materials exhibiting cooperative filling of wider micropores at a range of higher P/P0 than Type Ia materials.200,201
Type IIb isotherm is associated with multilayer adsorption and indicates adsorption into
larger mesopores. AC adsorption-desorption isotherm also exhibited a type H4 hysteresis
loop which is characteristic of materials with slit-shaped pores.201,202 The surface area of
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AS synthesized for this study was 4.7 times higher than that of AC (Table 3-2). The total
pore volume of AS was 2.9 times higher than AC. AS exhibited a smaller average pore
diameter of 2.5 nm compared to average pore diameter of 4 nm for AC. The pore volume
distributions were also different for both materials. AS had a higher proportion of
micropores than AC (Table 3-2). Microspores constituted 70% of the total pore volume for
AS, whereas, they constituted only 45% of the total pore volume for AC. The different
average pore diameter and pore volume distributions may partially explain the observed
difference in N2 adsorption-desorption profiles. AC with its higher mesopore to micropore
volume ratio would provide more unrestricted access that facilitates multilayer adsorption,
while AS with its higher micropore population provides more confined cavities favoring
monolayer adsorption. The central linear part in the AC N2 adsorption-desorption isotherm
corresponds to monolayer adsorption which may likely correspond to monolayer
adsorption in its micropores (Figure 3-2b).
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Figure 3-1: SEM and HRTEM images of AC and AS.
(a) and (c) are SEM images of AC and AS, respectively. Internal macroporous channels
are visible for AC. (c) And (d) are HRTEM images of AC and AS, respectively. Both
carbons are largely amorphous; however, small crystalline regions are observed at the
edges of AS with average lattice spacing of 3.4 Å.
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Figure 3-2: N2 adsorption-desorption isotherms for a) AS and b) AC.
AS followed type Ib (monolayer) adsorption isotherm while AC followed type IIb
(multilayer) adsorption isotherm.

Table 3-2: Surface area and pore volume characterizations of AS and AC.

AS
AC

BET surface
area

Total pore
volume

Average pore
diameter Dp

Mesopore
volume

Micropore
volume

m2/g

cc/g

nm

cc/g

cc/g

3851 ± 494

2.366 ± 0.324

2.46 ± 0.02

0.616 ± 0.112

1.538 ± 0.192

813 ± 5

0.822 ± 0.009

4.04 ± 0.07

0.484 ± 0.023

0.390 ± 0.004

XRD analysis of AC and AS indicates that both materials are primarily amorphous,
and no sharp peaks are observed in the XRD pattern (Figure 3-3a). The 002 and 010 peaks
are clearly visible for AC while a small 010 peak can be identified for AS. The 002 and
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010 peaks correspond to crystalline regions of diffraction from layering of graphitic
carbons and formation of small 2D lattices, respectively.187 XRD analysis reveals that both
materials exhibit small regions of crystallinity arising from sp2-hybridized graphitic
system, with AC displaying more graphitic character than AS. The surface functionality of
both carbon materials was probed using FTIR (Figure 3-3b). Both materials give identical
FTIR spectra, indicating the presence of identical surface functional groups. The 880 cm-1
peak corresponds to C-H out-of-plane bending in benzene derivatives while the 1070 cm-1
corresponds to C-O stretches of primary alcohol groups. The 1170 cm-1 and 1270 cm-1
peaks may correspond to C-O stretches of aliphatic ether and alkyl aryl ethers, respectively.
The 1400 cm-1 and 1680 cm-1 absorbances correspond to aromatic and alkene C=C
stretches, respectively. The 2850 cm-1 and 2920 cm-1 peaks both correspond to C-H
bending. A weak broad band from 3100 cm-1 to 3400 cm-1 is also visible in FTIR spectrum
of both materials corresponding to O-H stretches. Both FTIR spectrums had a peak at 2370
cm-1 which corresponds to the C=O stretches of ambient CO2 molecules. The presence of
similar functional groups on both materials was corroborated by XPS analysis (Figure 3-4,
Table 3-3). Both materials were negatively charged under the tested conditions (Table 3-4).
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Figure 3-3: XRD and FTIR characterization of AS and AC.
a) XRD of AS and AC. 010 and 002 peaks are clearly visible for AC while a weak 010
peak is observed for AS. These peaks indicate presence of small crystallinity in both
materials. b) FTIR spectra of AC and AS. The FTIR spectra of both materials show a high
degree of similarity with identical peak positions, indicating presence of similar surface
functional groups.

Figure 3-4: High resolution deconvoluted XPS C 1s spectrum of a) AS and b) AC.
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Table 3-3: Relative distribution of deconvoluted C 1s peaks of high resolution XPS
spectrum of AS and AC.

AS
eV

Functional Groups

at %

284.9

C-C/C=C

69.6

286.2

C-O

15.1

287.4

C=O

7.1

288.9

O-C=O

4.8

290.3

π-π* (C=C)

3.4

AC
eV

Functional Groups

at %

284.8

C-C/C=C

79.8

286.2

C-O

12.3

287.7

C=O

5.7

289.2

O-C=O

2.2
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Table 3-4: Elemental composition (as determined by XPS) and surface charge of AS
and AC.

Sample

C%

O%

Zeta
Potential
(mV)*

AS

88.58

11.42

-36.14 ± 1.81

AC

96.25

3.75

-27.46 ± 1.45

*at experimental pH of 6
3.3.2. BPA adsorption isotherms
Langmuir and Freundlich adsorption isotherms were fitted to BPA adsorption on
AS and AC (Figure 3-5and Table 3-5). The maximum adsorption capacity of AS was 1113
± 52 mg/g, which was 4 times higher than the maximum adsorption capacity of 271 ± 14
mg/g for AC, as determined from Langmuir isotherm. Similarly, Kf determined from
Freundlich isotherm was also 4 times higher for AS compared to AC, indicating 4 times
higher adsorption capacity. The adsorption data relates well with the surface areas of both
materials as AS had 4.7 times higher surface area than AC. This proportionality was
expected as surface functionality of both was determined to be quite similar based on FTIR
and XPS analysis. This is also corroborated by similar 1/n values for both AS and AC
which indicate that BPA adsorption was equally favorable on both materials. Overall, AS
provides the largest surface area and highest adsorption capacities reported to date for BPA
adsorption by carbon-based materials (Table 3-6).
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Figure 3-5: a) Langmuir and b) Freundlich adsorption isotherms for BPA adsorption
on AS and AC.
AS exhibits a four-fold higher adsorption capacity than AC in both isotherms.

Table 3-5: Adsorption parameters calculated from Langmuir and Freundlich
isotherms.

Langmuir
Qm
(mg/g)

KL
(L/mg)

Freundlich
R2

Kf
(mg/g)·(L/mg)

1/n

1/n

R2

AS

1113 ± 52 0.92 ± 0.34

0.895

577 ± 33

0.18 ± 0.02

0.976

AC

271 ± 14 2.36 ± 1.24

0.874

145 ± 10

0.18 ± 0.02

0.972
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Table 3-6: Comparison of BPA adsorption on different types of carbon materials.

Langmuir
Surface
Area
(m2/g)

(mg/g)

AS

3851

1113.2

0.9

AC

813

270.7

AC-Olive Mill
waste

1641

AC-Commercial

Material

Qm

KL

Freundlich
Kf

1/n

Reference

576.9

0.181

This Study

2.4

145.2

0.182

589.0

0.1

NA

NA

203

1225

164.4

0.1

NA

NA

203

AC from Potato
Peel

905

445.9

0.1

64.9

0.366

204

AC-Commercial

1326

319.4

0.3

82.8

0.473

205

AC-Commercial

824

NA

NA

123.0

0.213

206

AC-Commercial

957

NA

NA

54.7

0.330

Nitrogen-modified
mesoporous
carbon

580

240.4

0.3

88.5

0.269

207

Goethite/AC
composite

522

NA

NA

187.2

2.089

208

Mesoporous
carbon

920

296.0

0.1

55.1

0.450

209

AC-Commercial

1060

328.3

5.0

253.8

0.140

210

AC-Commercial

1158

303.0

0.1

NA

NA

211

(L/mg) (mg/g)·(L/mg)1/n
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3.3.3. Kinetics of BPA adsorption
Pseudo 1st order and pseudo 2nd order models were fit to the kinetic data of BPA
adsorption on AS and AC (Figure 3-6 and Table 3-7). The kinetics of BPA adsorption on
both materials was slightly better described by pseudo 2nd order model (AS, R2: 0.999; AC,
R2: 0.998) than pseudo 1st order model (AS, R2: 0.991; AC, R2: 0.982). Both materials
exhibited fast kinetics for BPA adsorption. The pseudo 2nd order rate constant for AC
(0.00263 ± 0.00024 g/(mg·min)) was higher than the rate constant for AS (0.00166 ±
0.00001 g/(mg·min)), indicating slightly faster adsorption kinetics for AC. To further gain
insights into the kinetics of BPA adsorption on the two carbonaceous materials, an
intraparticle diffusion model was fit to the kinetics data (Figure 3-7). The graph of qt vs t1/2
shows multi-linearity, indicating multi-stage adsorption of BPA on both AC and AS. The
multi-stage adsorption behavior of contaminants on activated carbons has been previously
reported.212,213 A number of parameters can limit the adsorption kinetics of adsorbate on
adsorbent including diffusion coefficient of the adsorbate in the bulk phase, concentration
of adsorbate and degree of mixing, among others. However, under well-mixed and highadsorbate concentration conditions used in our experiments, intraparticle diffusion is often
the rate limiting step.212,214,215 In Figure 3-7, three stages with different adsorption rates
are observable for AS and AC. The first stage represents fast external surface adsorption
or boundary layer diffusion. The second and third stage represent slower adsorption rates
limited by intraparticle diffusion. The second stage corresponds to the diffusion of BPA
into the macropores and wider mesopores of the AS and AC. The third portion represents
the slowest adsorption rate, limited by intraparticle diffusion of BPA into the small
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mesopores and micropores of AS and AC.213 The intraparticle diffusion model
demonstrates that for both AS and AC, BPA diffusion into the small mesopores and
micropores was the rate limiting step. This provides some insight into why the adsorption
rate for AC was slightly faster than AS. AS with higher proportion micropores (70% of the
total pore volume) compared to AC (45% of the total pore volume) is likely to be more
affected by the rate limited adsorption of BPA into the small micropores than AC, thereby
exhibiting a slightly lower net adsorption rate.

Figure 3-6: Kinetics of BPA adsorption on AS and AC fitted by a) Pseudo 1st order
model and b) Pseudo 2nd order model.
BPA was adsorbed onto 10 mg of adsorbent from 100 mL of 50 mg/L BPA stock solution.
The 2nd order model provided a slightly better data fit. AS and AC exhibited very similar
adsorption kinetics with AC giving slightly faster adsorption rate. The high adsorption
capacity of AS is observable, as within 4 h, AS removed 99% BPA compared to 53% for
AC.
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Table 3-7: Kinetic parameters calculated from pseudo 1st order and pseudo 2nd order
kinetics models.

Pseudo 1st order
k1

qe

(1/min)

(mg/g)

Pseudo 2nd order
R2

k2

qe

(g/(mg·min))

(mg/g)

R2

AS

0.336 ± 0.030 481.1 ± 4.6

0.991

0.00166 ±
0.00001

498.1 ± 0.2

0.999

AC

0.316 ± 0.042 250.6 ± 3.8

0.982

0.00263 ±
0.00024

261.4 ± 1.8

0.998
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Figure 3-7: Intraparticle diffusion model fitting of the BPA adsorption kinetics for
AS and AC.

3.3.4. Thermodynamics and mechanism of BPA adsorption
The thermodynamic parameters for BPA adsorption on AS were computed from
the plot of Kd and 1/T (Figure 3-8) and are summarized in Table 3-8. Negative values were
obtained for ΔG˚ indicating spontaneous and favorable adsorption over the tested
temperatures. BPA adsorption onto AS was an exothermic reaction as indicated by the
negative ΔH˚. Furthermore, decrease in ΔG˚ was observed with increase in temperature.
This is expected due to the exothermic nature of BPA adsorption on AS which makes
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higher temperatures less favorable for adsorption. ΔS˚ was negative due to the restriction
in movement of BPA molecules after adsorption onto AS surface.204 Moreover, ΔG˚ was
within the range of 0 to −20 kJ/mol which indicated that BPA adsorption on AS occurred
primarily through a physical adsorption process rather than a chemical process.216 This
aligns well with the widely accepted mechanism of BPA adsorption on carbon-based
materials which is expected to proceed through π-π interaction between the aromatic rings
of activated carbon and BPA.211 To further probe the mechanism of adsorption of BPA on
AS, Raman spectroscopy was used. Several researchers have used Raman spectroscopy to
investigate adsorption of target molecules onto graphene based materials through π-π
interaction.217–219 The adsorbed molecules can act as electron donors/acceptors through ππ interaction and modify the electronic structure of graphene, leading to shifts in G and D
band positions.217 As AS and AC both had aromatization and exhibited sp2-hybridized
graphitic character, Raman spectroscopy was used to investigate the mechanism of
adsorption. The Raman spectrum of both materials gave distinct G and D bands (Figure
3-9). The G band corresponds to the E2g in-plane vibration mode of sp2-hybridized carbon
while the D band arises from disorder in the sp2-hybridized system.220 A subtle shift to
higher frequency was observed for both G and D bands in case of AS and AC after BPA
adsorption which indicates that adsorption of BPA on AC and AS proceeded primarily
through π-π interaction (Table 3-9). For AS, the D band and G band shifted from 1360 cm1

and 1583 cm-1 to 1366 cm-1 and 1584 cm-1 respectively after BPA adsorption. While for

AC, the D band and G band shifted from 1337 cm-1 and 1578 cm-1 to 1339 cm-1 and 1580
cm-1, respectively, after BPA adsorption.
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Figure 3-8: Distribution coefficient (Kd) vs 1/T for 150 mg/L initial BPA concentration
and 100 mg/L AS concentration.

Table 3-8: Thermodynamic parameters for BPA adsorption on AS.

Temp
(˚C)

ΔG˚
(KJ/mol)

23

-2.51 ± 0.05

45

-1.95 ± 0.04

65

-1.48 ± 0.04

ΔH˚
(KJ/mol)

ΔS˚
(J/mol)

-9.8 ± 0.2

-24.7 ± 0.5
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Figure 3-9: Raman spectrum of AC and AS with and without BPA adsorption.
Small shifts in D and G bands were observed for both AS and AC after BPA adsorption,
indicative of π-π interactions between BPA and sp2-hybridized network of both materials.
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Table 3-9: Shifts in D and G peaks in the Raman spectrum of AS and AC after BPA
adsorption.

Peak positions (cm-1)
D

G

AS

1360

1583

AS/BPA

1366

1584

AC

1337

1578

AC/BPA

1339

1580

3.3.5. Selectivity for BPA adsorption in presence of humic acid
The selectivity for BPA adsorption was probed by conducting experiments
containing HA at concentrations two times higher than BPA. The initial BPA
concentrations for AC and AS were chosen as 30 mg/L and 100 mg/L, respectively. These
particular concentrations were equivalent for both materials as under these concentrations
without HA acid amendment, BPA was adsorbed at 81% of maximum adsorption capacity
on both materials. Due to large differences in surface area between AS and AC, it was
impertinent to choose BPA concentrations that were equivalent in terms of adsorption
behavior. The initial HA concentrations for AC and AS were 60 mg/L and 200 mg/L,
respectively. It was found that presence of HA adversely affected BPA adsorption on both
AC and AS (Figure 3-10). In the presence of HA, BPA adsorption on AS was reduced by
1.2 times compared to unamended condition, while BPA adsorption on AC was reduced
by 1.4 times. The Kselectivity factor calculated using Equation 3-12 was 1.22, indicating that

102

AS was only slightly more selective for BPA adsorption than AC in the presence of HA.
Initially, we had anticipated that AS, with its smaller pore size and higher proportion of
micropores, would exhibit superior selective adsorption for BPA in the presence of HA
compared to AC. However, the lower than expected selectivity observed for BPA
adsorption on AS in presence of HA is not entirely surprising. Activated carbon materials
have a branched pore structure where small micropores bud off from larger mesopores and
macropores.221,222 We postulate, that the large molecules of HA adsorb into the mesopores
and block-off BPA accessibility to the micropores, thereby adversely affecting the BPA
adsorption capacity of AS and nullifying any selectivity that the small pores could have
imparted.
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Figure 3-10: BPA adsoption on AC and AS in the presence of HA.
The initial BPA concentrations for AS and AC were 15 mg/L and 100 mg/L, respectively.
The initial HA concentration were two times the BPA concentration. Presence of HA was
found to adversely affect BPA adsorption on both materials. The amount of BPA adsorbed
at equilibrium (qe) decreased from 201 mg/g to 140 mg/g for AC, and from 828 mg/g to
699 mg/g for AS, when HA was added.

3.3.6. PFOA adsorption on AS and AC
PFOA adsorption by AS or AC was investigated to assess whether the linear
relationship observed between the BPA adsorption capacity and activated carbon surface
area, was also applicable to PFOA. Preliminary adsorption tests demonstrated that PFOA
adsorption on AS was only 1.8 times larger than AC despite having 4.7 times higher surface
area (Figure 3-11). Under the conditions tested, qe can be taken as a good estimate of the
maximum adsorption capacity. The qe observed for AS was within the range previously
reported in the literature (Table 2-2) and did not significantly outperform the previously
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reported activated carbon materials despite exhibiting at least 4 times higher surface
area.12,54,75 It has been previously reported that PFOA adsorption is highly dependent on
pore-structure as PFOA can form hemi-micelles and micelles on adsorbent surfaces even
when the solution concentration is much lower than critical micelle concentration
(CMC).12,223 Therefore, mesopores and macropores are more effective in adsorbing PFOA
than smaller sized micropores. As micropores constitute 70% of the AS pore volume, it
means that the majority of the AS surface area is unavailable for PFOA adsorption which
explains the lower than expected PFOA adsorption capacity observed for AS.

Figure 3-11: PFOA (50 mg/L) adsorption on AC and AS (100 mg/L) under 8-h
equilibrium.
Amount of PFOA adsorbed at equilibrium for AS and AC was 332 ± 2 mg/g and 188 ± 2
mg/g, respectively.
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3.4. Conclusion
In this study an ultra-high surface area activated carbon (AS) was tested for
adsorption of two contaminants of emerging concern: BPA and PFOA. AS was found to
be highly efficient for BPA adsorption with its high surface area correlating well with its
four-fold higher BPA adsorption capacity than that of commercial AC. In fact, with 1113
± 52 mg/g, AS has the highest BPA adsorption capacity of all reported carbon materials.
The adsorption of BPA on AS was thermodynamically favorable and proceeded through
π-π interaction. For both AC and AS, diffusion of BPA into the small mesopores and
micropores was determined as the rate-limiting step. Furthermore, BPA adsorption tests in
the presence of HA, demonstrated that AS did not exhibit any significant selective
adsorption for BPA compared to AC, despite having smaller pore size, possibly due to HA
adsorption blocking off the micropore accessibility to BPA molecules. Additionally, it was
observed that the high surface area of AS did not correlate well with PFOA adsorption
capacity, and AS exhibited lower PFOA adsorption capacity than expected due to
incapability of the micropores to trap the large PFOA hemi-micelles and micelles. Because
ultra-high surface area activated carbons are formed by proliferation of a large network of
micropores, such materials exhibit very high adsorption capacities for small aromatic
molecules like BPA, but only offer limited improvements in adsorbing large molecules like
PFOA.
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Chapter 4

Discerning the inefficacy of hydroxyl
radicals during PFOA degradation

This chapter is adapted from published work in Chemosphere 2020, 247, 125883.
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4.1. INTRODUCTION
Perfluorooctanoic acid (PFOA) is a recalcitrant contaminant of emerging concern,
and there is growing interest in advanced oxidation processes to degrade it. However, there
is ambiguity in the literature about the efficacy of hydroxyl radicals (•OH) for degrading
PFOA with some studies indicating that •OH may play an ancillary role in PFOA
degradation (For detailed discussion see Section 2.3.2).
This chapter seeks to resolve the controversy about the role of •OH in PFOA
degradation. UV+H2O2 is a well-known advanced oxidation process (AOP) that relies
primarily on •OH generation.47,48 We gain insights into the role of •OH in PFOA
degradation by comparing UV photolytic treatment versus UV+H2O2, using nitrobenzene
(NB) as •OH probe to optimize H2O2 concentrations. Furthermore, we report electrical
energy per order (EE/O) for our reactions to facilitate energy requirement comparisons
with other studies.
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4.2. MATERIALS AND METHODS
4.2.1. Materials.
Perfluorooctanoic

acid

(95%

purity),

perfluoroheptanoic

acid

(99%

purity),

perfluorohexanoic acid (≥ 97% purity), perfluoropentanoic acid (97% purity),
perfluorobutanoic acid (98% purity), perfluoropropanoic acid (97% purity), nitrobenzene
(≥ 99% purity) and fluoride standard (TraceCERT®, 1000 mg/L in water) were purchased
from Millipore Sigma. Hydrogen peroxide 30% (w/v) was purchased from Fisher
Scientific.
4.2.2. PFOA degradation using UV photolysis versus UV+H2O2 AOP.
UVC irradiation experiments were carried out in a photoreactor that has been previously
described.224,225 Briefly, six 4W-UVC emission (254 nm) lamps (Sankyo Denki, G4T5)
were used as irradiation source for PFOA degradation experiments. For UV photolytic
tests, 40 mL of 1 mg/L PFOA were added to a 50 mL quartz beaker and irradiated under
continuous stirring. For UV + H2O2 AOP tests, varying H2O2 concentrations (0.5, 5, 30 and
300 g/L) were amended to the PFOA solution before irradiation. The irradiation time
ranged from 1 to 3 days. A wide range of H2O2 concentrations were used (0.5 to 5 g/L) to
include concentrations that are typically used by researchers for UV-Fenton and UV-H2O2
processes

15,226–228

. We also used a 30 g/L H2O2 treatment (which may be too high for

practical application) to benchmark against a previous study
potential inhibitory inner filter effects.

41

and gain insight into
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4.2.3. Optimization of H2O2 concentration using NB as •OH probe.
A 40-mL aliquot of 100 mg/L NB containing varying concentrations of H2O2 (0.5 g/L, 1
g/L, 5 g/L, 10 g/L and 300 g/L) was added to a quartz beaker and irradiated for 30 min.
Samples were analyzed at 10, 20 and 30 min intervals. •OH steady state concentration was
calculated using the integrated form of pseudo first-order kinetics:229
[/k]

− ln s[/k] W u = '.wi,/k [• ?C ]mm × 4
t

Equation 4-1: Pseudo first-order kinetics equation of nitrobenzene degradation by
•OH

Where [NB]t and [NB]0 are NB concentrations at time 0 s and t s, respectively;
k•OH,NB is the reaction rate constant between •OH and NB, which is 3.2 × 109 M-1.s-1;229
and [•OH]ss is the steady state •OH concentration (M), which is thus calculated from
Equation 1 as the slope of negative ln(NBt/NB0) versus time divided by k•OH,NB (Figure
4-1).
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Figure 4-1: Plot of -ln(NBt/NB0) versus time for NB (100 mg/L) degradation by UV +
H2O2 (0, 0.5, 1, 5, 10 and 300 g/L).
The slopes from the regression were divided by k•OH,NB (3.2 × 109 M-1.s-1) to calculate
steady-state •OH concentrations.

4.2.4. Light intensity measurements.
Light intensity in the photoreactor was measured using ferric oxalate actinometry.230 The
photon flux in the reactor was 6 × 10-6 Einsteins/L.s (2.1 mJ/cm2.s) corresponding to net
irradiation power of 0.114 W. Light penetration experiments were conducted in LED-L16
photoreactor (Luzchem) equipped with six 7.2 W UVC (254 nm) lamps (G8T5,USHIO)
which provided vertical illumination from the top. The UVC light intensity was measured
using UVX Digital Radiometer (UVP). A 100-mL quartz beaker containing 40 mL
solutions of varying H2O2 concentrations (0 g/L, 0.5 g/L, 5 g/L, 10 g/L and 300 g/L) was
placed on the radiometer detector and irradiated. Light intensity readings were recorded
after a 3-min stabilization period.
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4.2.5. EE/O and F- calculations.
The EE/O (kWh/m3·order) was calculated as:

yy/? =

W
zt

l×s u×P###
}
{×n|+ ( t )
}

Equation 4-2: Relationship to calculate electrical energy per order (EE/O)

Where P is the actinometrically determined power (kW), V is the irradiated volume
(L), C and C0 are concentrations of PFOA at time t min and 0 min, respectively.
The PFOA defluorination efficiency (%) was calculated as:
~8\ÄÅ6Ç]54ÇÅ] 8ÇÉÇ8]ÉÑ (%) =

[Ü 0 ] *,n,)m,U
j|()n [Ü] |*p+pT)nnr pT lÜwb

× 100

Equation 4-3: Relationship to calculate defluorination efficiency (%)

Calculated bound and total F- were determined from PFOA degradation and byproducts analysis using the following expressions:

;5\ÉÄ\548à âÅÄ]à [E] = ä

5[;3] + 7[;4] + 9[;5] + 11[;6]
í × 19
+13[;7] + 15[;8]

Equation 4-4: Relationship to calculate bound fluoride concentration

gÅ45\ [E ] = ;5\ÉÄ\548à âÅÄ]à [E] + ì85îÄ68à [E = ]
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Equation 4-5: Relationship to calculate total fluoride concentration

j|()n [Ü]

"ÉÉÅÄ]48à E = (%) = j|()n [Ü] |*p+pT)nnr pT lÜwb × 100

Equation 4-6: Relationship to calculate fluoride recovery (%).

[C3], [C4], [C5], [C6], [C7] and [C8] are perfluoropropanoic acid,
perfluorobutanoic

acid,

perfluoropentanoic

acid,

perfluorohexanoic

acid,

perfluoroheptanoic acid and perfluorooctanoic acid concentrations (mM), respectively. [F] is fluoride concentration (mg/L). Trifluoroacetic acid [C2] was not detected in our
degradation experiments and so was not used in the F- mass balance calculations. Total [F]
originally in 1 mg/L of PFOA was 0.688 mg/L.
4.2.6. Analytical Methods.
PFOA and its degradation by-products were analyzed by high performance liquid
chromatography (Agilent 1200, Agilent Technologies) using a C18 column (Ascentis
Express, 2.7 μm, 15 cm × 2.1 mm) and mass detector (MicroTOF, Bruker). The mobile
phase was 60% acetonitrile with 0.1% formic acid and 40% water with 0.1% formic acid.
The flow rate was 0.35 mL/min and the column was maintained at 80 ˚C. NB was analyzed
using a HPLC (LC20AT, Shimadzu) equipped with a C-18 column (Atlantis, 3 µm, 3.9
mm × 150 mm) and an UV−Vis photodiode array detector (SPD-M20A, Shimadzu). 60%
acetonitrile and 40% water were used as the mobile phase with 1 mL/min flow rate.
Fluoride (F-) was measured using an ion chromatography (IC) system (Dionex Aquion)
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equipped with an anion-exchange column (Dionex, RFICTM IonPacTM AS23 column, 4 ×
250 mm), and a conductivity detector (Dionex, DS6 heated conductivity cell). The mobile
phase was an aqueous solution containing sodium carbonate (4.5 mM) and sodium
bicarbonate (0.8 mM) at an isocratic flow rate of 1 mL/min.
All experiments were replicated, and single factor ANOVA was used to determine
whether differences in results were statistically significant at the 95% confidence level.

4.3. RESULTS AND DISCUSSION
NB was used as a •OH probe to optimize the H2O2 concentration and
maximize •OH production in our photoreactor.229,231 A concentration of 5 g/L H2O2
resulted in the highest •OH production, removing 94 ± 0.2% of 100 mg/L NB within 30
min under UV irradiation (Figure 4-2). This corresponded to a steady state •OH
concentration of 4.56 × 10-13 ± 3.84 × 10-15 M (Table 4-1). H2O2 concentrations greater
than 5 g/L were counterproductive to •OH generation due to potential scavenging of both
•OH and UV light (inner filter effect) by H2O2.47,166,167 This was corroborated by light
penetration experiments, which revealed that higher H2O2 concentrations significantly
hindered light penetration across the aqueous solution (Figure 4-3). Subsequently, 1-day
UV irradiation experiments were conducted to compare PFOA removal by UV photolysis
and UV + H2O2 AOP at optimized H2O2 concentrations to evaluate the efficacy of •OH for
PFOA degradation.
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Figure 4-2: Optimization of H2O2 concentration using NB as •OH probe.
The optimum H2O2 concentration was about 5 g/L H2O2, which removed 94 ± 0.2% NB
(100 mg/L) after 30 min UV irradiation (2.1 mJ/cm2.s) with an EE/O of 1.23 ± 0.01
kWh/m3.order. Inner-filter effect, and consumption of •OH by H2O2 scavenging and •OH
self-recombination made concentrations greater than 5 g/L ineffective.
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Table 4-1: Steady-state •OH concentrations, measured using NB (a •OH probe), at
different H2O2 concentrations in UV + H2O2 AOP.

[•OH]ss (M)
H2O2 (0.5 g/L) 1.79 × 10-13 ± 1.71 × 10-14
H2O2 (1 g/L)

2.58 × 10-13 ± 1.32 × 10-14

H2O2 (5 g/L)

4.56 × 10-13 ± 3.84 × 10-15

H2O2 (10 g/L)

3.64 × 10-13 ± 1.64 × 10-14
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Figure 4-3: UVC penetration through different H2O2 concentrations in our
photoreactor.
0.5 g/L, 1 g/L, 5 g/L and 10 g/L H2O2 concentrations absorb 83.7 %, 96.2 %, 99.4 % and
99.6 % of the incident UV irradiation, respectively. Hence, H2O2 concentrations greater
than 5 g/L are expected to induce ineffective irradiation of the reaction mixture due to
inner-filter effect.
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Under optimized H2O2 amendment (5 g/L), •OH did not enhance PFOA removal
by UV (Figure 4-4). Removal efficiencies were 19.7 ± 0.7% for optimized UV + H2O2
AOP versus 21.1 ± 0.4% for treatment by UV photolysis. This indicates that direct
photolysis was the main PFOA degradation mechanism. Further evidence of the
insignificant role of •OH was provided by by-product analysis, where the three treatment
processes (UV photolysis, and UV+H2O2 (0.5 or 5 g/L)) yielded identical concentrations
of C4, C5, C6 and C7 daughter by-products (Table 4-2). In addition, no statistically
significant difference (F < Fcrit and p > 0.05) was found between the defluorination
efficiencies for the three treatment processes (Table 4-3). The consistent extent of PFOA
degradation observed at different H2O2 concentrations (0 g/L, 0.5 g/L and 5 g/L)
corroborates that, regardless of matrix differences and effective irradiation dose, direct UV
photolysis was the main PFOA degradation mechanism and that •OH played an
insignificant role. Complete F- mass balance was achieved in our treatment systems with
F− ion, shorter-chain daughter by-products, and PFOA accounting for 97% to 108% of the
total F- in the system (Table 4-4).
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Figure 4-4: PFOA (1 mg/L) degradation by UV photolysis and UV + H2O2 (0.5 g/L, 5
g/L or 30 g/L) AOP after 1-day UV irradiation.
UV photolysis and UV + H2O2 (0.5 g/L, 5 g/L and 30 g/L) AOP removed 21.1 ± 0.4 %,
22.6 ± 1.3%,19.7 ± 0.7% and 2.8 ± 0.4 % PFOA, respectively. No statistically significant
difference (F < Fcrit and p > 0.05, ANOVA) in PFOA removal was observed between UV
photolysis and UV + H2O2 (0.5 g/L or 5 g/L) treatments.
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Table 4-2: Concentrations of PFOA degradation by-products in UV and UV + H2O2
(0.5 g/L, 5 g/L and 30 g/L) treatment systems after 1-day UV irradiation.

Sample
Photolysis
1day
UV +H2O2 (0.5 g/L)
1 day
UV +H2O2 (5 g/L)
1 day
UV +H2O2 (30 g/L)
1 day

PFOA Byproduct Concentration (mg/L)
C3
ND

C4
BQL

C5

C6

C7

BQL

0.023 ±
0.002

0.146 ±
0.012

ND

BQL

BQL

0.022 ±
0.002

0.156 ±
0.006

ND

BQL

BQL

0.022 ±
0.005

0.169 ±
0.009

ND

ND

ND

ND

0.012 ±
0.006

BQL = Below quantification limit (0.01 mg/L); ND = Not detected (LOD = 0.003 mg/L)
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Table 4-3: PFOA defluorination efficiencies following treatment by UV photolysis or
UV + H2O2 (0.5 or 5 g/L) AOP after 1-day UV irradiation.

Samples
Photolysis
1 day
UV +H2O2 (0.5 g/L)
1 day
UV +H2O2 (5 g/L)
1 day

Defluorination
efficiency (%)
9.5 ± 1.7*

6.9 ± 0.9*

6.8 ± 1.0*

* No statistically significant difference (F < Fcrit and p > 0.05, Analysis of Variance
(ANOVA)). Limit of detection (LOD) for F- was 0.015 mg/L. Defluorination efficiencies
could not be determined for higher concentrations due to interference by residual H2O2.
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Table 4-4: F- mass balance for PFOA degradation under 3-day and optimized 1-day
UV treatments.

ND = Not detected (LOD for F- was 0.0156 mg/L)
PFOA degradation at an impractically high H2O2 concentration (30 g/L) was also
investigated to benchmark against a previous study
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and more easily illustrate potential

inhibitory effects associated with the high molar absorptivity of H2O2 at 254 nm. UV +
H2O2 (30 g/L) was counter-productive to PFOA degradation as excess H2O2 caused
ineffective UV irradiation due to an inner filter effect that hindered UV penetration (Figure
4-3) and PFOA photolysis (Figure 4-5). This illustrates a potential drawback about efforts
to intensify AOPs by increasing the H2O2 dose.
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Figure 4-5: PFOA (1 mg/L) degradation by UV photolysis and UV + H2O2 (300 g/L)
AOP after 3-day UV irradiation.
UV photolysis and UV + H2O2 (300 g/L) AOP removed 57.4 ± 0.8% and 13.4 ± 0.9%
PFOA, respectively, with EE/O of 554 ± 12 kWh/m3.order and 3299 ± 226 kWh/m3.order,
respectively.

In this study, PFOA treatment efficiencies were compared for UV photolysis and
UV + H2O2 AOP under constant UV exposure times (instead of constant UV dose) in order
to lend practical applicability to our results and demonstrate that (under similar contact
times) (1) amendment of H2O2 does not enhance PFOA degradation due to the inefficacy
of hydroxyl radicals, and (2) high H2O2 concentrations can be inhibitory to PFOA
degradation due to UV light scavenging by H2O2. Others studies have also used constant
exposure times to compare treatment efficiency and generated radical concentrations in
photochemical systems.15,16,41,229,231
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Possible PFOA degradation pathways in the presence of •OH under UV
irradiation are shown in Figure 4-6.15,16,41 The UV photolytic degradation of PFOA is most
likely initiated by C-C scission through Photo-Kolbe decarboxylation reaction (pathway
2).41,161,232 This forms •C7F15 which may be converted to shorter-chain perfluorinated
carboxylic acid daughter by-product, C6F13COOH (C7) via hydrolysis of an unstable
perfluorinated alcohol intermediate (C7F15OH).16,41,233 Hence, PFOA is converted to C7 by
loss of a CF2 unit. Further degradation of C7 may proceed via loss of another CF2 unit.234
This stepwise degradation of PFOA via successive losses of CF2 units is corroborated by
analysis of degradation by-products where concentrations of perfluorinated daughter byproducts also follow a successive order i.e.: [C3] < [C4] < [C5] < [C6] < [C7].41,235 The
•OH could theoretically assist the PFOA degradation by either initiating decarboxylation
(pathway 1) or by accelerating the conversion of intermediate perfluorinated radical to
perfluorinated alcohol (pathway 3). However, our study shows that the contribution of •OH
through either of these pathways is insignificant because UV irradiation alone was as
effective as when the •OH concentration was maximized in the UV+H2O2 treatment.
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Figure 4-6: Proposed PFOA degradation pathway in UV and UV + H2O2 treatment
systems.
The degradation mechanism is adapted from Hori et. al., Liu et. al. and Tang et. al.15,16,41
In UV photolytic process, PFOA degradation is initiated by C-C scission via Photo-Kolbe
decarboxylation (pathway 2). In UV+H2O2 AOP, •OH has been proposed to enhance
PFOA degradation by either initiating decarboxylation (pathway 1) or by accelerating the
conversion of perfluorinated organic radical to perfluorinated alcohol (pathway 3).16
Contribution of •OH in enhancing PFOA removal via pathways 1 and 3 was insignificant
in this study.

Overall, this study shows that direct photolysis of PFOA by UV irradiation is the
primary degradation mechanism during treatment by UV + H2O2 AOP, and infers that
treatment processes that consume too much of the incident UV irradiation to produce •OH
(e.g., H2O2 amendment) are counter-productive to PFOA degradation due to hindered
photolysis. Therefore, future work on PFOA degradation should explore other mechanisms
independent of •OH production. Furthermore, past studies reporting enhanced PFOA
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degradation by •OH must be re-examined to determine whether •OH may participate
indirectly in other pertinent processes, such as enhanced regeneration of Fe(III) in UVFenton and UV + Fe(III) systems.
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Chapter 5

Discerning the Relevance of
Superoxide for PFOA Degradation

This chapter is adapted from work published in Environ. Sci. Technol. Lett. 2020.
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5.1. INTRODUCTION
In the past, PFOA has been reported to be degraded using a modified Fenton
reaction in the presence of high H2O2 concentrations (1 M).17 In this reaction, superoxide
was proposed as one of the key reactive species responsible for degrading PFOA. In theory,
superoxide could degrade PFOA via two reaction pathways (Figure 5-1e): (a) direct
nucleophilic attack of the C-F bond, as postulated for degradation of carbon tetrachloride
by superoxide;178,236 or (b) step-wise PFOA degradation via a superoxide-mediated
decarboxylation reaction. Accordingly, various studies have also implied that superoxide
plays a role in degrading PFOA.43,44 In contrast, other studies argue that superoxide is
ineffective in attacking PFOA.26,46 Therefore, the role of superoxide in PFOA degradation
by AOPs is unclear.
This chapter seeks to clarify the role of superoxide in PFOA degradation by AOPs.
Our strategy was to isolate superoxide production from other ROS to gain a mechanistic
understanding of superoxide’s reaction with PFOA. Superoxide undergoes nucleophilic
reactions in aprotic solvent but its reactivity in water is diminished due to strong solvation
and rapid disproportionation.174,237 However, superoxide can be stabilized on the surfaces
of metal oxides (e.g. MnO2) and by the addition of low-polarity solvents.236,238 Here, we
explore three systems that produce stabilized superoxide for PFOA degradation (Figure
5-1): (1) KO2 dissolved in aprotic solvent, which has been demonstrated to facilitate
dehalogenation reactions via superoxide-mediated nucleophilic dehalogenation239,240
(Figure 5-1a); (2) Xanthine Oxidase (XO) and hypoxanthine (HX) enzymatic system,
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which is well-known to produce superoxide,172 amended with MnO2 to promote surfacestabilized superoxide to facilitate nucleophilic reactions (Figure 5-1b); and (3) WOx/ZrO2
+ H2O2, which was recently demonstrated to degrade 1,4-dioxane via stabilized superoxide
produced by H2O2 decomposition (Figure 5-1c).170

We use electron paramagnetic

resonance (EPR) spectroscopy and nitroblue tetrazolium (NBT), a classical biochemical
agent for UV-Vis superoxide detection, to corroborate the generation of superoxide in the
three systems. We first demonstrate the efficacy of our superoxide-producing systems for
a model pollutant, BPA, which is a known EDC, and then explore the reaction of
superoxide with PFOA to gain mechanistic understanding of associated AOPs.
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Figure 5-1: Hypothetical PFAS defluorination approaches using superoxidestabilizing systems.
A) Superoxide is strongly solvated by protic solvents (e.g. water), in the absence of a
stabilizer, limiting its reactivity and facilitating rapid disproportionation. We hypothesize
that superoxide-stabilizing systems, both homogeneous and heterogeneous, could enhance
superoxide reactivity. B) KO2 produces stabilized superoxide radicals in the aprotic solvent
DMSO in the presence of 18-crown-6, which facilitates dissolution. C) Xanthine Oxidase
reacts with hypoxanthine to generate superoxide from dissolved oxygen in the aqueous
solution. Adding MnO2 to the solution stabilizes the radical on its surface. D) The
WOx/ZrO2 catalyst reacts with H2O2 to form superoxide heterogeneously in aqueous
solution. E) Superoxide is hypothesized to be stabilized on the metal oxide surface (MnO2
for the enzyme system, WOx/ZrO2 for the catalyst system) in aqueous solution. F)
Stabilized superoxide may defluorinate PFOA via two potential attack mechanisms. One
is an attack of the carboxyl group, decarboxylating and releasing F-. The second is a
nucleophilic attack of the C—F bond, releasing F- and resulting in an alcoholic moiety.
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5.2. MATERIALS AND METHODS
5.2.1. Chemicals and Reagents
Perfluorooctanoic

acid

(95%

purity),

perfluoroheptanoic

acid

(99%),

perfluorohexanoic acid (≥ 97%), perfluoropentanoic acid (97%), perfluorobutanoic acid
(98%), perfluoropropanoic acid (97%) were purchased from Sigma Aldrich. The catalyst
material, a zirconia-supported tungsten oxide (“WOx/ZrO2”, 20 wt% WO3 content) was
obtained from MEI Chemicals. H2O2 (30% w/v) and dimethyl sulfoxide (DMSO) (ACS
grade, ≥99.9%) were obtained from Fisher Scientific. KO2 powder, 18-crown-6 (≥99.0%),
fluoride standard (TraceCERT®, 1000 mg/L in water), nitroblue tetrazolium, bisphenol A
(BPA) (> 99%), were obtained from MilliporeSigma. Deionized water (18MΩ cm-1) was
used for all experiments.
5.2.2. Potassium Superoxide Experiments
KO2 powder was added to DMSO, followed by 18-crown-6 to facilitate dissolution,
at a ratio of KO2:18-crown-6 of 1:2.5, with 1 mM and 30 mM KO2 concentrations. This
was stirred for at least 15 min. A 20 mL capped glass vial contained the 10 mL solution
with 10 mg/L PFOA or 20 mg/L BPA. Control reactions without KO2 were also set up.
The reactions stirred for 24 h. The reactions were quenched with water at a ratio of a 10:1
of water: DMSO.
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5.2.3. Xanthine Oxidase Enzyme Experiments
Two sets of 5-mL reactions were performed in 15-mL polypropylene tubes
containing 0.5 mM hypoxanthine, 0.25 units/mL xanthine oxidase and 0.5 mg/L PFOA or
20 mg/L BPA in a phosphate buffer solution (pH 7.4). One set of reactions was amended
with MnO2 (1000 mg/L) to stabilize superoxide. Control reactions containing no xanthine
oxidase were also setup. All reactions were run at 37 ˚C for 3-days (PFOA) or 1-day (BPA)
under constant agitation. Samples from reactions containing MnO2 were filtered using 0.2
µm polypropylene filter prior to analysis.
5.2.4. MnO2 Synthesis
MnO2 was prepared as previously reported.17,241 Briefly, 2 M hydrochloric acid was
added dropwise to boiling 1 M potassium permanganate solution under vigorous stirring.
MnO2 precipitates were separated, washed with deionized water and ethanol, and dried at
60 ºC overnight.
5.2.5. WOx/ZrO2 Catalyst Experiments
In a 20 mL capped glass vial, 10 mL solution containing 50 mg/L PFOA or 20 mg/L
BPA, 0.1 M H2O2 and 2,000 mg/L WOx/ZrO2 was prepared. Control reactions without 0.1
M H2O2 were also set up. For PFOA, additional control reactions to assess fluoride
recovery were prepared, containing 50 mg/L PFOA, 2,000 mg/L WOx/ZrO2 and 5 mg/L
spiked fluoride. All reactions were stirred for 2-days (PFOA) or 1-day (BPA). PFOA (and
BPA) was extracted from the catalyst by raising the pH of the solutions to pH 12 by adding
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NaOH (1 M), and stirring them overnight. Aliquots (5 mL) were withdrawn from the
solution, filtered through 0.2-µm polypropylene filters and adjusted to neutral pH using
0.5-M H2SO4 prior to analysis.
5.2.6. Analytical methods
PFOA was analyzed with a Shimadzu IT-ToF LC-MS equipped with a C-18 column
(Ascentis, 2.7µm, 1.0 mm × 150mm). Mobile phase A was 0.1% formic acid in water and
mobile phase B was 0.1% formic acid in acetonitrile. The flow rate was 0.15 mL/min. The
gradient ran from 30%B to 95%B. All sample pH values were adjusted to ~7 before
analysis.
BPA was analyzed using a HPLC (LC20AT, Shimadzu) equipped with a C-18
column (Shimadzu, 5 µm, 4.6 mm × 50 mm) and an UV−Vis photodiode array detector
(SPD-M20A, Shimadzu). The mobile phase (1 mL/min) was 60% acetonitrile and 40%
water.
A Dionex Aquion chromatography system with an anion-exchange column
(Dionex, RFIC™ IonPac™ AS23 column, 4 x 250 mm) and a conductivity detector
(Dionex, DS6 heated conductivity cell) was used for fluoride (F-) analysis. The mobile
phase (1 mL/min) was sodium carbonate (4.5 mM) and sodium bicarbonate (0.8 mM) in
DI water.
Nitroblue Tetrazolium (NBT) (a classical biochemical assay for superoxide
detection)237 was used as a spectroscopic probe for superoxide measurement. NBT (350
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mg/L) was added to the KO2, XO, and WOx/ZrO2 systems. H2SO4 was added to the KO2
solution to lower the pH to ~7. NBT forms a formazan product after reaction with
superoxide, which is insoluble in water. Therefore, for enzymatic and catalytic systems,
the formazan product was dissolved by adding DMSO to the reaction mixture (DMSO:H2O
of 3:1). Samples were filtered through a 0.2 µm polypropylene filter and measured using a
UV-Vis spectrometer.
EPR experiments were conducted with a Bruker EMX spectrometer. The KO2
system was measured using freeze-trapping while the catalyst and enzymatic systems were
measured using BMPO as a spin-trapping agent. Spin-trap experiments were conducted by
adding 1000 mg/L BMPO to the catalyst system (2000 mg/L WOx/ZrO2 + 1 M H2O2) and
the enzymatic system (0.5 mM hypoxanthine, 0.25 units/mL xanthine oxidase in phosphate
buffer, pH 7.4) and were mixed for 10 min. BMPO forms a stable radical adduct upon
reaction with the short-lived superoxide radical. Room temperature EPR measurements
were conducted at a frequency of 9.32 GHz, with 100 kHz modulation frequency, 0.2 - 1
G modulation amplitude, 20 mW power, and 163 ms time constant. Different parameters
were used for catalyst and enzymatic systems to optimize signal size. The catalyst system
gave a strong superoxide signal and was measured using 0.2 to 0.5G modulation amplitude
in a single scan, whereas the enzymatic system was measured using 1G modulation
amplitude over eight accumulated scans due to a weaker signal. The superoxide in
KO2/DMSO stock (30 mM KO2, 75 mM 18-crown-6) was measured by freeze trapping a
1/10 dilution of KO2/DMSO stock in 50 mM NaOH, placed in an EtOH/dry ice bath, and
then transferred into liquid nitrogen. Freeze trapping experiments were performed at 115 -
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120 K, with a frequency of 9.29 GHz, 100 kHz modulation frequency, 2 G modulation
amplitude, 1 mW power, and 163 ms time constant. KO2 measurement at room temperature
did not yield a spectrum.
All experiments were conducted in triplicate and the statistical significance was
determined by Student’s t-test (p ≤ 0.05).

5.3. RESULTS AND DISCUSSION
5.3.1. The Three Tested Systems Produce Superoxide
Superoxide production was confirmed by several methods. First, the generated
superoxide reduced NBT to NBT-formazan in all systems, as indicated by the 526-nm peak
in the UV-Vis spectrum (Figure 5-2a). EPR spectroscopy corroborated superoxide
production. KO2 produces high concentrations of stabilized superoxide in aprotic solvents
such as DMSO, which was measured directly as 358 µM in the EPR using the freeze-trap
method (Figure 5-2b).242 Superoxide production in the remaining systems was confirmed
by spin-trapping the radicals with BMPO, a common method to measure lower
concentrations of superoxide at room temperature A weaker superoxide signal was trapped
for the enzymatic system with a different and less common BMPO-superoxide adduct
conformation (Figure 5-2c). This conformation is also characteristic of superoxide and has
been previously reported by others.243,244 The WOx/ZrO2 catalyst system produced a spintrapped BMPO radical (Figure 5-2d). The line shape obtained is characteristic of a pure
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superoxide spectrum, with all four peaks at approximately the same height.245 This
spectrum indicates that the BMPO-trapped radical was primarily superoxide.

Figure 5-2: Superoxide production by the three tested systems.
a) UV-Vis spectra of the reduced NBT byproduct (NBT-formazan) after reacting with
superoxide. The insoluble NBT-formazan precipitates were dissolved in DMSO/H2O
solution. Spectra were baseline corrected (by subtracting the spectrum of NBT solution
without superoxide) and normalized to the highest absorption value. b) EPR spectrum (115
– 120K) of 30 mM KO2 in DMSO with 75 mM 18-crown-6 after freeze trapping in liquid
nitrogen. c) EPR spectrum indicative of the pure superoxide produced by the WOx/ZrO2
catalyst with 1M H2O2, after spin-trapping with BMPO.

5.3.2. Superoxide Degrades BPA
Superoxide is known to degrade BPA,246 which was used as a positive control.
About 48% BPA (initially 20 mg/L) was degraded in the KO2 system (30 mM KO2 and 75
mM 18-crown-6 in DMSO) after one-day reaction (Figure 5-3a). A similar BPA removal
efficiency was observed in the WOx/ZrO2 catalytic system (2,000 mg/L catalyst + 0.1M
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H2O2) (Figure 5-3b). Partial BPA removal in the control containing only WOx/ZrO2 was
likely due to adsorption on the catalyst surface. These results corroborate that superoxide
was produced and was sufficiently stable to react.

Figure 5-3: BPA degradation (positive control) in the KO2 and catalytic systems.
a) 48% BPA (20 mg/L initial) was degraded in the KO2 system (30 mM KO2, 75 mM 18crown-6) during a one-day reaction compared to the control (75 mM 18-crown-6). b) 48%
BPA (20 mg/L initial) was removed by the WOx/ZrO2 system (2000 mg/L WOx/ZrO2, 0.1M
H2O2), while only 19% was removed in the control (2000 mg/L WOx/ZrO2) during a oneday reaction.

BPA degradation in the enzymatic system could not be accurately quantified due to
direct transformation of BPA by MnO2, which is known to react with benzylic alcohols
(Figure 5-4).247
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Figure 5-4: BPA degradation experiments in enzymatic system.
No BPA (20 mg/L) degradation was observed after a one-day reaction in the enzymatic
system (0.25 units/mL xanthine oxidase (XO), 0.5 mM hypoxanthine, pH 7.4) compared
to the control (0.5 mM hypoxanthine, pH 7.4). The effect of stabilizing superoxide on
MnO2 (1000 mg/L) surface for BPA degradation could not be evaluated due to direct
transformation of BPA by MnO2 which confounded the outcome of the experiment.

5.3.3. Superoxide Does Not Degrade PFOA
The three superoxide-producing systems were used to isolate its efficacy to degrade
PFOA. In all cases, no PFOA degradation was observed (Figure 5-5), no degradation
byproducts were observed, and no significant fluoride release was detected compared to
controls (Table S1). A wide range of KO2 concentrations was used to ensure sufficient (but
not excessive) superoxide concentrations and avoid significant self-dismutation.248
However, no statistically significant difference between initial and final concentrations was
found after accounting for ~8% LC-MS system variability.

137

Figure 5-5: No significant PFOA degradation was detected in any of the reaction
systems.
a) No PFOA (10 mg/L) degradation was observed after a one-day reaction in KO2/18crown-6/DMSO solution (1mM KO2 and 30mM KO2). This was corroborated by a lack of
degradation byproducts and no detectable F- release. b) No PFOA (0.5 mg/L) degradation
was observed after a three-day reaction in the enzymatic system (0.25 units/mL xanthine
oxidase (XO), 0.5 mM hypoxanthine, pH 7.4) compared to the control (0.5 mM
hypoxanthine, pH 7.4). The addition of MnO2 (1000 mg/L) as a superoxide stabilizing
agent did not enhance PFOA degradation compared to the control. No PFOA degradation
byproducts or F- were detected. c) No PFOA (50 mg/L) degradation was observed after a
two-day reaction in the catalytic system (2000 mg/L WOx/ZrO2 and 0.1M H2O2). No PFOA
degradation byproducts or F- were detected.
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Table 5-1: F- recovery by IC and PFAS byproduct detection in LC-MS

Reaction
1 mM KO2, 2.5 mM 18-crown-6, PFOA
10 mg/L
1 mM KO2, 2.5 mM 18-crown-6, PFOA
100 mg/L
30 mM KO2, 75 mM 18-crown-6, PFOA
10 mg/L
0.5 mM Hypoxanthine, 0.5 mg/L PFOA
0.25 units/mL Xanthine Oxidase, 0.5 mM
Hypoxanthine, 0.5 mg/L PFOA
0.5 mM Hypoxanthine, 0.5 mg/L PFOA,
1000 mg/L MnO2
0.25 units/mL Xanthine Oxidase, 0.5 mM
Hypoxanthine, 0.5 mg/L PFOA, 1000
mg/L MnO2
2000 mg/L WOx/ZrO2, 50 mg/L PFOA
2000 mg/L WOx/ZrO2, 0.1 M H2O2, 50
mg/L PFOA
2000 mg/L WOx/ZrO2, 50 mg/L PFOA, 5
mg/L spiked F-

F- conc (mg/L)†

PFOA
byproducts
detected C3 –
C7††

None detected

None detected

None detected

None detected

None detected

None detected

None detected

None detected

None detected

None detected

None detected

None detected

None detected

None detected

0.357 ± 0.106 *

None detected

0.352 ± 0.059 *

None detected

4.652 ± 0.124
**

None detected

† IC limit of detection for F- < 0.01 mg/L
†† LC-MS limit of detection for PFOA and C3 – C7 byproducts < 0.01 mg/L
* No statistically significant difference (p > 0.05). The observed F- likely leached from the
catalyst.
** Corresponds to 86% F- recovery after accounting for background F- in the WOx/ZrO2
system.

The enzyme system produces significantly less superoxide than the KO2 system, so
a smaller amount of PFOA, 0.5 mg/L, was used to ensure sufficient radical-contaminant
interactions. Figure 5-5b shows the two sets of reactions. All reactions were run at pH 7.4
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with 0.5 mM hypoxanthine, and those with enzyme had 0.25 units/mL xanthine oxidase.
The second set was run with superoxide-stabilizing MnO2, which adsorbed some PFOA.
The catalyst system was tested using 50 mg/L PFOA, one hundred times higher
than that of the enzymatic system. A high PFOA concentration was required to get
significant recovery, to overcome adsorption to the catalyst surface and loss during the
extraction process. Figure 5-5c shows that the system with 2,000 mg/L WOx/ZrO2 catalyst
and 0.1M H2O2 yielded no significant PFOA degradation compared to the control without
H2O2, which is required for superoxide production.
While a few publications infer that superoxide is involved in PFOA
degradation,17,43,45 these studies involved more complex systems with confounding factors
that preclude isolating the role of a single ROS. We recognize that our data does not rule
out the possibility of superoxide participating in PFOA degradation in some complex
systems that activate PFOA (e.g., via heterogeneous catalysis) or promote concerted
degradation via multiple ROS and reaction pathways. Nevertheless, our reductionist
experiments favored high concentrations of stabilized superoxide that enhance degradation
of dissolved contaminants, and we eliminated confounding factors to prove that superoxide
alone plays no significant role in PFOA degradation. Thus, we recommend to the
remediation community to consider other reactive species to degrade PFOA, such as
solvated e-, photogenerated h+, or persulfate, which have shown promise in mineralizing
PFOA in recent studies.26,30,163
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Chapter 6

Summary and Conclusions
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6.1. Summary and Conclusions
PFAS are a class of recalcitrant contaminants that are a cause of significant public
concern due their potential for persistence and bioaccumulation, and their widespread
distribution. Non-destructive and destructive treatment technologies have been extensively
explored over the past two decades to remove PFAS. Among the non-destructive methods,
sorption on activated carbon is the most widely and commercially used process. However,
destructive treatment processes only transfer the contaminant from one phase to the other
and should be used in combination with destructive treatment methods to effectively
remove and mineralize the contaminant. Several destructive PFAS treatment methods like
sonolysis, plasma and alkaline hydrothermal treatments have shown promise in lab scale
studies but their effectiveness in pilot scale studies is yet to be determined. AOPs involving
ROS like •OH and O2•- have been effective in degrading a range of organic contaminants
and have been applied to large scale remediation efforts. However, the efficacy of AOPs
towards PFAS has remained uncertain, primarily due to the ambiguity revolving around
the role of •OH and O2•- in degrading PFAS, perpetuated by the contradictory claims made
in the past studies. This dissertation advances understanding of non-destructive and
destructive treatment processes for removal of PFOA, the most comprehensively studied
PFAS with widespread environmental distribution. Specifically, this study provides
mechanistic insights into: 1) How the structure of ultra-high surface area activated carbon
sorbents relates to their functionality for removal of contaminants of emerging concerns
such as EDCs and PFASs; 2) Whether ROS such as •OH and O2•- are effective in degrading
and defluorinating PFASs. Salient contributions include the following:
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Structure-functionality relationship of ultra-high surface area activated carbons for
removal of contaminants of emerging concern
The effectiveness of an ultra-high surface area activated carbon (AS) with
unprecedentedly high surface of 3851 m2/g was tested for removal of two contaminants of
emerging concern: BPA and PFOA. BPA was chosen as model small molecule as it is a
well-known EDC with an aromatic structure that makes it well-suited for removal by
activated carbon. AS was highly efficient for BPA adsorption with its high surface area
correlating well with its four-fold higher BPA adsorption capacity than that of commercial
AC. In fact, with 1113 ± 52 mg/g, AS demonstrated the highest BPA adsorption capacity
of all reported carbon materials. The mechanism of BPA adsorption on AS was determined
as π-π interaction and BPA diffusion into the small micropores was identified as the ratelimiting step in the adsorption process. The selectivity for BPA adsorption was probed in
the presence of HA, the main component of NOM, and it was found that AS did not exhibit
any significant selective adsorption for BPA compared to AC, despite having smaller pore
size. Considering the branched pore structure of activated carbon materials, it was
postulated that the observed lack of selectivity was possibly due to HA adsorption blocking
off the micropore accessibility to BPA molecules. Additionally, it was observed that the
high surface area of AS did not correlate well with PFOA adsorption capacity, and AS
exhibited lower PFOA adsorption capacity than expected due to incapability of the
micropores to trap the large PFOA hemi-micelles and micelles.
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Discerning the inefficacy of hydroxyl radicals during PFOA degradation
The ambiguity regarding the role of •OH for degrading PFOA was addressed and
resolved by comparing PFOA degradation by UV photolysis versus UV + H2O2 AOP,
which produces •OH. No statistically significant difference in PFOA degradation was
observed between UV photolysis and UV + H2O2 processes, even when •OH concentration
was optimized, indicating that •OH is ineffective towards PFOA degradation. Furthermore,
the study showed that direct photolysis of PFOA by UV irradiation was the primary
degradation mechanism during UV + H2O2 AOP, inferring that treatment processes that
consume too much of the incident UV irradiation to produce •OH (e.g., H2O2 amendment)
are counter-productive to PFOA degradation due to hindered photolysis via inner-filter
effect.
Discerning the Relevance of Superoxide for PFOA Degradation by Advanced Oxidation
Processes
This study addressed the controversy regarding the role of superoxide in PFOA
degradation by AOPs. Three superoxide-producing systems were utilized: superoxide salt
(KO2), an enzyme (xanthine oxidase), and a catalyst (WOx/ZrO2). All three produce and
stabilize superoxide, thereby extending its lifetime and increasing its ability to degrade
contaminants in solution. BPA was used as positive control and it was observed that KO2
and WOx/ZrO2 systems were able to successfully degrade ~ 48% BPA over the course of
a day-long reaction. However, none of the systems degraded PFOA, highlighting the
ineffectiveness of superoxide in breaking C-F bond.

144

6.2. Significance and Implications
This dissertation advances fundamental understanding of activated carbon
materials as well as provides critical insight into the relative inefficacy of •OH and O2•(generated by AOPs) in degrading PFOA.
First, this work demonstrates that ultra-high surface area activated carbon materials
do not provide “one size fits all” solution to removing organic contaminants. Rather the
efficacy of these materials depends on the chemical structure and molecular size of the
contaminants. Ultra-high surface area is imparted to activated carbon materials by
proliferation of high population of micropores (< 2 µm). Our study shows that this pore
structure imparts very high adsorption capacities to organic contaminants with small
molecular size and amenable chemical functionality like BPA, which can easily diffuse
into the vast micropore network. In fact, the high surface area correlates well with high
adsorption capacities for such contaminants. However, larger sized organic contaminants
such as PFOA, which form even larger sized micelles and hemi-micelles on adsorbent
surfaces, cannot diffuse into the micropores and therefore cannot reap the benefits of high
surface area. For such contaminants, the ultra-high surface area activated carbon materials
exhibit limited benefit over conventional commercially available activated carbons. In fact,
activated carbons that exhibit a higher proportion of mesopores (2-50 nm) at the cost of
superior surface area may be more advantageous for removal of large PFAS molecules.
Furthermore, this study shows that branched pore structure of activated carbons makes it
difficult to impart selectivity towards contaminants by just controlling pore size as the large
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competing contaminants like HA can plug the entrance of the pores. Additional measures
such as chemical functionalization of activated carbons may be required to either repel
competing adsorbates or accelerate the adsorption of target adsorbates.
Second, this dissertation clarifies the ambiguity regarding the role of •OH and O2•in PFOA degradation by proving that both species are ineffective in degrading PFOA. This
implies that conventional AOPs are an ineffective remediation strategy to tackle the current
PFAS challenge and that PFAS remediation community is advised to pursue other
destruction treatment technologies and explore other reactive species such as solvated eand photogenerated h+, which have shown promise in mineralizing PFOA in recent studies.

6.3. Suggestions for future research
6.3.1. Future research on activated carbon materials
This study has demonstrated that ultra-high surface area activated carbons with high
proportions of micropore do not provide any significant advantage for enhancing PFOA
adsorption capacity over conventional activated carbons due to restricted accessibility to
micropores. However, the performance of ultra-high surface area activated carbon for
removal of shorter chain PFAS such as perfluorobutanoic acid and perfluoropropanoic acid
was not tested. Previous studies have indicated that smaller chain PFAS can break through
the activated carbon materials due to their higher mobilities.113 It is postulated that the
micropores of ultra-high surface area activated carbons may demonstrate superior
adsorption performance for shorter chain PFAS than conventional activated carbons by
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kinetically restricting their mobilities in the smaller sized pores. It must be noted that this
would also be dependent on the micelle/hemi-micelle forming ability of shorter chained
PFAS and the size of these aggregations.
Furthermore, a detailed study should be conducted to determine the minimum poresize requirements for different molecular sized PFAS. This information could then be used
to devise future adsorbents with superior adsorption capacities where the complete porestructure is available for adsorption. The synthesis process of ultra-high surface area
activated carbons must also be studied in detail to investigate how different synthesis
parameters affect the growth of pores. It must be determined if greater control over the
average pore size of activated carbons can be achieved and whether it is possible to
synthesize ultra-high surface area activated carbons with larger pores without significant
loss of high surface area capabilities.
Lastly, this study shows that the branched pore-structure of activated carbon makes
it difficult to impart selectivity for target contaminants in presence of NOM. Future
research should explore whether chemical functionalization of activated carbons can
improve their selectivity towards target contaminants. However, it must be noted that true
selectivity can only be achieved via both pore-size control and chemical functionalization,
which is not possible for activated carbon materials. Therefore, if very high selectivity is
the goal, future work should focus on exploring other adsorbent materials such as
molecularly imprinted polymers (MIPs), metal-organic frameworks (MOFs) and
engineered minerals which possess both of these characteristics.
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6.3.2. Future research on destructive-treatment of PFAS
•OH and O2•- have been found to be ineffective in degrading PFOA in this work.
Future work should re-examine the past studies where these radicals were shown to play a
role in PFOA degradation in order to assess if they played any indirect role. For example,
•OH was found to be important for PFOA degradation in UV-Fenton and UV-Fe+3 systems.
Fe+3 mediated decarboxylation was the primary PFOA degradation mechanism in these
processes. It is possible that •OH promoted PFOA degradation by facilitating the
regeneration of Fe+3 from Fe+2 which may have led the researchers to incorrectly identify
it as one of the principal reacting species.
Furthermore, future research should focus on other reactive species such as solvated
e- and photogenerated h+ which have been demonstrated to be effective in degrading PFOA.
Focus should be on testing the efficacy of these reactive species towards a wide range of
PFAS with diverse structures in real water matrices in order to assess the practical
applicability of these processes, and to expedite their scale-up for real world remediation
efforts.
6.3.3. Future research on superoxide mediated remediation processes
This work has demonstrated that though O2•- was ineffective in degrading PFAS, it
was effective in degrading BPA. The efficacy of O2•- towards other endocrine disrupting
chemicals and other classes of contaminants must be evaluated in the future work. Many
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bacteria are known to produce high concentrations of O2•- and can be used as basis to devise
novel in-situ bioremediation strategies for a range of contaminants.185 Furthermore, O2•can also be produced by metal/metal oxide core-shell structures such as Zn@ZnO which
produces O2•- via natural corrosion of Zn core.169 These nano zinc oxide particles can be
embedded in reactive permeable barriers and can be used for in-situ remediation processes
near a stream of target contaminants or for well-head protection.
.
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